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ABSTRACT

In comparison with other metals such as Cd, Cu, Pb, Ni, and Zn, little is known about uranium
(U) toxicity to Hyalella azteca. There is even no national U water or sediment quality guideline yet for
the protection of aquatic life in Canada, despite Canada being home to some of the biggest U producers
in the world. In this context, the aim of this research was to determine the toxic effects of U
concentrations in the water and sediment to H. azteca, and if these relationships can be modelled. This
thesis demonstrated that U bioaccumulation was mainly via the water phase rather than the sediment
phase. It showed that U bioaccumulation measurements in H. azteca were more reliable indicators of U
toxicity than U concentrations in the water or sediment. A water-bioaccumulation saturation model was
satisfactory at describing this relationship. Overlying water chemistry was found not only to influence
U bioaccumulation and toxicity in the H. azteca but also the desorption of U in the sediment into the
overlying water. A water-sediment partitioning saturation model was also satisfactory at explaining
these interactions.

Both body size and gut-content had an overall effect on U bioaccumulation in H. azteca
exposed to water-only U concentrations in soft water. A saturation model was used not only to estimate
the effect of gut-content on U bioaccumulation, but to predict the uptake and elimination rate constants
for H. azteca exposed to water-only U concentrations.

A field study was conducted to determine if the saturation models developed and applied in the
laboratory could be used in the field to quantify U bioavailability, bioaccumulation and toxicity to H.
azteca. Unfortunately, U concentrations in the water and sediment were below concentrations needed to
validate these models. However, toxicity, not related to U concentrations in the field, was observed at
some field sites.

Overall this thesis not only encourages more work on U toxicity to H. azteca, but provides
significant data and models to be used by risk assessors and regulators in the development of U water

and sediment quality guidelines in the protection of aquatic environments in Canada.
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CHAPTER 1
INTRODUCTION
1.0 Introduction
1.1 Uranium in the Aquatic Environment

Uranium (U) is a non-essential metal naturally found in the environment, with two modes of
toxicity: radiological and chemical (EC/HC, 2004; Sheppard et al., 2005). Chemical toxicity is
considered to be more important than radiological toxicity due to the low specific activity for **U
(1.24x10* Bq/g), the most abundant (99.3%) radioactive isotope in the environment (EC/HC, 2004;
Sheppard et al., 2005).

Due to its significant value as a nuclear energy resource, U can enter the aquatic environment
through anthropogenic activities such as the mining, milling and refining of U (EC/HC, 2004).
Waterborne U concentrations in surrounding lakes near U operating facilities such as Rabbit Lake,
McArthur River, Key Lake, Cluff Lake, and McClean Lake in Northern Saskatchewan, Canada, have
been reported to range between 0.004 to 4 pmol U/L (EC/HC, 2004). Uranium concentrations in water
near decommissioned mining sites at Elliot Lake and Bancroft, Ontario typically range from 0.004 to
0.2 pmol U/L (Clulow et al., 1998, OMOE, 2003).

Uranium concentrations in the sediment are usually in the range of 0.002 to 0.02 umol U/g
(Markich, 2002). The highest concentration reported in sediments impacted by U mining and milling in
Canada was 80 pmol U/g dry weight (Hart et al., 1986; Cooley and Klaverkamp, 2000). Concentrations
in sediments concentration near active U mines in Saskatchewan range from 0.02-20 pmol U/g dry
weight, while 0.01 to 2 pmol U/g dry weight have been measured in sediments near former U mines in
Ontario (OMOE, 2003; EC/HC, 2004). Uranium concentrations in the sediment vary depending on the
particle size and mineral composition of the sediment, and the chemistry such as the pH, hardness and
dissolved organic matter of the overlying water (Markich et al., 2002). Loss of U from water to
sediment is affected by sediment type and is in the order of: organic sediment >clay> sand (Bird and

Evenden, 1994).

1.2 Routes of Exposure and metal uptake

Aquatic organisms can be exposed to U through the water, sediment and/or diet. Depending on
the route of exposure and the environmental conditions (temperature, pH, water and sediment
chemistry, metal speciation, and metal distribution) there are two important pathways in which metals
may enter and accumulate in an aquatic invertebrate such as freshwater amphipod, Hyalella azteca: the
gills, via direct contact with the aqueous phase, and/or the gastrointestinal tract, via the ingestion of

metal contaminated food or suspended sediment particles (Langston and Spence, 1995; Marsden and



Rainbow, 2004). The absorption of metals onto the exoskeleton of invertebrates may also contribute to
metal uptake and accumulation. However, this type of metal uptake is considered not biologically
available to play a physiological role within the animal (Rainbow and Dallinger, 1993; Rainbow, 2007).

Metal uptake at the gills occurs by the passive transport of dissolved metals from the aqueous
phase into the haemolymph via intracellular high affinity protein carriers in the gills (Simkiss and
Taylor, 1995). This metal uptake pathway at the gills includes most metals with the exception of the
major ions (Na, K, Ca, and Mg) that rely on active pumps and metals bound as lipophilic
organometallic compounds (e.g., Hg) that diffuse through a lipid membrane to gain entry into the
animal (Rainbow and Dallinger, 1993; Simkiss and Taylor, 1995; Mardsen and Rainbow, 2004).
Depending on the metal, once these dissolved metals are transported across the cell membrane, they
may be further transferred to binding sites of higher metal-binding strengths in the gill (Langston and
Spence, 1995). These metal-ligand complexes may be sequestered or excreted in the gills and/or further
transported into the haemolymph, where the metals may be distributed to other tissues in the animal
(Rainbow and Dallinger, 1993; Rainbow, 2007).

Freshwater invertebrates may also accumulate metal via ingestion of food and/or ingested
sediment particles (Rand et al., 1995), however the mechanisms of this type of uptake route in
invertebrates is less well known compared to metal uptake at the gills. Uptake at the gastrointestinal
tract is thought to occur by dissolution of the particulate form of the metal from the foodstuff, followed
by the absorption by the hepatopancreas and/or mid-gut of the gastrointestinal tract into the
haemolymph and further transported to other tissues in the animal (Vonk, 1960). Metals in the aqueous
phase are considered to be more bioavailable than metals associated with the solid phase, however
higher metal concentrations in food and suspended sediment particles, does make the solid phase an
important source of metal uptake by aquatic organisms (Langston and Spence, 1995). The
bioavailability of the metal uptake from the diet will depend on the chemical form of the solid, the
binding affinity of the metal to the solid, the presence of organic and inorganic particles in the solid, the
particle size of the ingested solid, the feeding habits and the digestive process of the animal (Langston

and Spence, 1995; Marsden and Rainbow, 2004).

1.3 Metal Regulation and excretion

After the metal is taken up, it may be transported, distributed, and/or sequestered within the
animal and this may lead to elimination from the animal (Rainbow and Dallinger, 1993). The
differences between metal uptake and excretion will determine metal bioaccumulation in the animal.
To avoid potentially toxic effects of an influx of excess metal, the animal may be able to excrete the

metal or store the metal in a soluble or insoluble form that is not bioavailable to cause adverse effects to



the animal (Langston and Spence, 1995; Marsden and Rainbow, 2004). For example, the freshwater
amphipod H. azteca can regulate Cu (Borgmann et al., 1993; Borgmann and Norwood, 1995) while the
marine amphipod, Allorchestes compressa is able to regulate Cu and Zn, with some evidence of Cr
regulation over a range of 0 to 100 pg Cr/L in the water (Ahsanullah and Williams, 1991). In some
species there is a production of metal-binding ligands, such as metallothioneins, that bind the
bioavailable metal into a non-toxic form (Langston and Spence, 1995). Chassard-Bouchaud (1982;
1983) found that U was in the form of an insoluble phosphate in the lysosomal system of the freshwater
crayfish Pontastacus leptodactylus, and associated with calcium phosphate microgranules
(spherocrystals) in the gill cuticle and hindgut epithelia of a marine crab, Carcinus maenas, when
exposed to aqueous-phase U. These microgranules, which can eventually be eliminated from the
animal, may act as temporary storage sites for U in the tissue and prevent adverse effects in the animal
by binding the metal in a biologically unavailable form.

Knowledge of the uptake route, kinetics rate constants, bioaccumulation pattern, and
relationship to the exposure concentration by the invertebrate of interest is required if these animals are
to be used as biomonitors of metal bioavailability and toxicity in the environment. In other words, the
bioaccumulated metal needs to increase with the exposure concentration, such that the metal cannot be
fully regulated. When these assumptions are met, metal burdens in the H. azteca have been shown to be
reliable indicators of metal bioavailability and toxicity (Borgmann and Norwood, 1997; Norwood et al.,
2006). These bioaccumulation measurements of metals have also been shown to be better predictors of
biological effects than concentrations in both the water and sediment, because the physicochemical
factors (e.g. temperature, pH, metal speciation, and metal distribution) affecting metal bioavailability
and toxicity in the environment are accounted for within the organism (Borgmann et al., 1991;

Borgmann and Norwood, 1997; Borgmann, 2000).

1.4 Modifying factors affecting bioaccumulation

If not accounted for or controlled, factors such as growth and body size can contribute to
variability in total metal bioaccumulation estimates due to their influence on the uptake kinetics,
bioaccumulation and elimination of metals in the animal (Langston and Spence, 1995; Rand et al.,
1995). If metal uptake is slow, growth can have an effect on body burden concentrations because a
slow-growing animal may accumulate a higher concentration of a metal when compared to a faster
growing animal, due to the dilution of the metal in the faster growing animal.. Body size can have a
modifying effect due to the larger surface area to volume ratio and faster metabolic rate of smaller
animals (Rainbow and Moore, 1986; Langston and Spence, 1995). What may be thought of as a

sensitivity difference between organisms may actually be a body size effect on the kinetic rate constants



due to the differences in surface area to volume ratios between organisms of different sizes (Rand et al.,
1995). For instance, Markich (2003) found that the mean variability in valve movement responses in
the freshwater (unionoid) bivalve Velesunio angasi exposed to waterborne U concentrations was
reduced by 81% when corrected for body size, age and gender.

Gut-content can also contribute to total metal accumulation in the animal, even if there is not an
effect on toxicity (Neumann et al., 1999). A high metal content in the gut can lead to a significant
overestimation of bioaccumulation and metal bioavailability in the environment, which in turn can
overestimate lethal body burden thresholds (e.g., lethal body burden causing 50% mortality, LBCS50).
For instance, Neumann et al. (1999) found that without gut-clearance real body concentrations of Pb
and Zn were overestimated by 438 and 44%, respectively, in H. azteca exposed to Pb- or Zn-spiked
sediments. This suggests that animals should be depurated prior to metal burden analysis, especially in
sediment toxicity tests, so that the overestimation in total body bioaccumulation is avoided. Overall,
when reporting bioaccumulation measurements and interpreting toxicity one must be sure to account
and/or correct for the influence of modifying factors such as growth, body-size and gut-content which
can contribute to variability in bioaccumulation measurements and toxicity estimates (Langston and
Spence, 1995). Alternatively one could standardize test procedures, such as using same size animals
and ensuring that animals were gut cleared, so that body size, growth and gut content do not influence
the overall bioaccumulation measurements and toxicity estimates.

Water chemistry and the surface permeability of the animal can also influence metal
bioaccumulation. Depending on their concentration, cation such as Ca’" Mg®", Na', and H" can
compete with other metals such as Cd*" and Pb*" in the water for metal binding and uptake at a
biological membrane (i.e., the gills), and/or with the ions in the animal (Borgmann, 2000; Pagenkopf,
1983). Anions such as OH’, HCO;, COs>, CI, S,05% ,8%,, and dissolved organic carbon in the water
can also complex these metals and thus prevent uptake by the organism (Wood, 2008). For example,
water pH can influence metal speciation and bioavailability in the water, and thereby metal
bioaccumulation, by affecting the permeability and sensitive of the cell surface in the animal (Campbell
and Stokes, 1985). At low pH, the hydrogen ion can compete for metal binding on a biological surface
such as the fish gill, thus decreasing metal uptake (and toxicity) for the metals such as Cd and Zn, but
not for the metal Pb (Pagenkopf, 1983; Bradley and Sprague, 1985a, b; Campbell and Stokes, 1985;
Cusimano et al., 1986; Spry and Weiner, 1991). In the case of Pb, it appears that the effect of the
hydrogen ion has more to do with its effect on metal speciation rather than with hydrogen ion
competition at the biological surface (Campbell and Stokes, 1985; Spry and Wiener, 1991).

Low concentrations of Cd, Zn and Pb in the water have been associated with blocking Ca

uptake in fish (Verbost et al., 1987, 1989; Hogstrand et al., 1995, 1996, Alsop and Wood, 1999; Rogers



et al., 2003; Rogers and Wood, 2004), with higher concentrations of Ca in the water or food decreasing
Cd and Pb uptake and accumulation (Varanasi and Gmur, 1978; Part et al., 1985; Franklin et al., 2005;
Alves and Wood, 2006). This is because Cd (Verbost, 1987; Verbost, 1989), Pb (Varanasi and Gmur,
1978; Rogers et al., 2003; Rogers and Wood, 2004) and Zn (Spry et al., 1989; Hogstrand et al., 1995,
1996), are considered to be Ca-mimics or antagonists (Varanasi and Gmur, 1978; Verbost, 1987,
Verbost, 1989; Spry and Weiner, 1991; Rogers et al., 2003; Rogers and Wood, 2004; Franklin et al.,
2005) that compete at and/or are transported across the cell membrane using the same or similar
channels to that of Ca. Similarly, Wright (1980) found that Cd uptake by freshwater amphipod,
Gammarus pulex probably followed a similar uptake pathway to that of Ca, given that Cd uptake was
significantly inhibited for animals exposed to dinitrophenol, a drug that inhibits active processes, and
the negative relationship between the Cd uptake rate and Ca concentration in the animals.

The diet of animals can also influence metal uptake. For instance, if the animal is getting the
proper metal ions such as Ca or Mg from the diet, the animal may be able to down-regulate transport
channels at the gill surface, especially at contaminated waterborne sites, thus decreasing metal uptake
of these ions and in turn of other toxic metals such as Cd and Pb into the animal. For instance, Varansai
and Gmur (1978) found that coho salmon had reduced waterborne Pb concentrations in the gills when
fed a Ca diet, while Alves and Wood (2006) suggested that an increase in dietary Ca may not only
reduce Pb uptake at the rainbow trout intestine, but may down-regulate Ca and Pb uptake at the gills in
order to maintain Ca ion-regulation in the fish.

Anionic ligands such as dissolved organic carbon have been shown to complex metals in the
water and render them unavailable for uptake by the animal and in turn, reduce toxicity (e.g. Wang
1987; Spry and Weinger, 1991; Playle 1993 a,b; Paquin et al., 2002; Heijerick al., 2003; Clifford and
McGeer, 2009). However, the presence of organic complexing agents in the water may facilitate metal
uptake, such that lipophilic complexing agents that bind toxic metals (i.e., organometallic compounds)
in the water may in turn be able to directly diffuse through the lipid membranes of the organism,

accumulate and cause toxicity (Borgmann, 2000).

1.5 Uranium speciation and toxicity

The chemical speciation of U and uptake by organisms has been shown to be affected by the
factors of the environment such as alkalinity, hardness, pH, and natural organic matter (Markich et al;
2000; Sheppard et al., 2005). Although U may occur in several oxidation states, the hexavalent (U,
UO, *; uranyl ion) ions are the major and most stable form in oxidized waters because they readily
form complexes with hydroxide, carbonate, phosphate or sulfate ions (Langmuir, 1978; Gascoyne,

1992; Markich, 2002; Sheppard et al., 2005). In anoxic waters and sediments, the tetravalent U (U4+) is



the major form (Markich, 2002). In the tetravalent form, U has a tendency to precipitate and remain
immobile (Gascoyne, 1992). The uranyl and UO,OH" ions have been suggested as the ions responsible
for much of the toxicity of U (Markich, 2002). Markich et al. (2000) showed that the effect of U on the
valve movements of the mussel Velesunio angasi was related to the activity of uranyl ion in solution.
This relationship, however, was better explained using both UO,2+ and UO,OH" ions than with the
UO,”" ion alone, with the formation of UO,OH" ion being dependent on water alkalinity and the
formation of uranyl ion being dependent on water hardness. In other words, an increase in alkalinity in
the water will result in the formation of U ternary carbonate complexes which in turn decreases the
UO,0OH" ion in solution, while an increase in Ca concentrations in the water, results in the formation of
ternary U complexes with Ca that reduces the presence of UO,>" ion in solution..

Many studies (e.g. Tarzwell and Henderson, 1960; Parkhurst, 1984; Riethmuller et al., 2001;
Charles et al., 2002; Borgmann et al., 2005) have shown that U toxicity decreases with increasing water
hardness. In H. azteca exposed to U in one-week water-only experiments, U was found to be more toxic
in soft water (hardness 18 mg CaCOs/L; alkalinity 14 mg CaCOs/L, pH 7.8) than hard water (water
hardness 124 mg CaCOs/L, alkalinity 84 mg CaCOs/L, pH 8.3; Borgmann et al., 2005). The 7d- LC50
(lethal water concentration resulting in 50% mortality) was 0.02 mg U/L (measured) and 1.65 mg U/L
(nominal) for the soft water and hard water, respectively (Borgmann et al., 2005). Tarzwell and
Henderson (1960) reported a 96h-LC50 value of 3.1 mg U/L for fathead minnow (Pimephales
promelas) exposed to uranyl nitrate at water hardness of 20 mg CaCOs/L, total alkalinity of 20 mg
CaCOs/L, and pH 7.4. No toxicity was observed at a hardness of 400 mg CaCO3/L /L, total alkalinity of
360 mg CaCO;/L and pH 8.2. Poston et al. (1984) found that acute U toxicity to Daphnia magna
decreased by a factor of 7.5 when water hardness and alkalinity were increased by approximately 1.5.
They suggested that this decrease in U toxicity was due to the complexation of the uranyl ions with the
carbonate ions. Charles et al. (2002) found a 5-fold decrease in U toxicity to Chlorella sp. when water
hardness was increased 50-fold (8 to 400 mg CaCOs/L), at a constant pH (7.0) and alkalinity (8 mg
CaCOs/L). It was suggested that the reduction in U toxicity was due to the competition between U and
Ca for binding sites on the algal cell surface given that there was no significant difference in the
speciation calculations of U with increasing water hardness.

Although the above studies have shown that U is more toxic in soft water than hard water,
some of them have, however, failed to separate the effect of water hardness from that of alkalinity and
pH (e.g. Tarzwell and Henderson, 1960; Parkhurst et al., 1984). For example, Parkhurst et al. (1984)
reported a 96h LC50 for juvenile brook trout, Salvelinus fontinalis, to be 5.5 and 23 mg/L in soft (32
mg/L as CaCQOs; alkalinity 12 mg/L as CaCO3, pH 6.7) and hard (210 mg/L CaCQs;; alkalinity 54 mg/L
as CaCO;, pH 7.5) water, respectively. Thus, future studies are needed to elucidate the difference



between alkalinity, pH and hardness so that the interpretations of U toxicity to an organism of interest

are correct.

1.6 Environment Quality Guidelines

Currently there are no national environmental quality and management guidelines for the
protection of aquatic life for U in Canada. This is unfortunate given that Canada is home to some of the
richest U deposits in the world. The only national guideline for U is the Canadian drinking water
quality guideline. The maximum acceptable concentration of U in the drinking water is set at 0.02 mg
U/L (84 nmol U/L;HC, 2008). Ontario is the only province in Canada that has an emergency provincial
interim water quality objective for U which is 0.005 mg/L (21 nmol U/L; OMOE, 1994). Care is
required when interpreting this objective because it was derived using a limited data set (MOEE, 1994).

Of the studies available on U toxicity to freshwater organisms, half have used model organisms
native to the Southern Hemisphere, mainly Australia (e.g. Bywater et al.,1991; Franklin et al., 2000;
Markich et al., 2000; Charles et al., 2002; Hogan et al., 2005). These studies are not representative of
species found in the temperate Northern Hemisphere and perhaps inappropriate to be relied upon,
especially in cases where these species do not have similar uptake and toxicity patterns to native
species, when setting and developing environment quality guidelines for U in Canada. The bulk of
studies that use species native to North America (e.g. Tarzwell and Henderson, 1960; Parkhurst et al.,
1984; Cooley and Klaverkamp, 2000; Pyle et al. 2001, 2002) have focused on fish models to evaluate U
toxicity in freshwater environments. In order to develop a U water and sediment quality guideline that
is representative and applicable to the holistic freshwater environment, one needs to evaluate the
toxicity relationships of U not only in the water, but in U-contaminated sediment exposures to other
potentially sensitive groups such as invertebrates.

Only a few studies have investigated U bioavailability and toxicity (LC50) to freshwater
invertebrates such as Daphnia magna (e.g. Poston et al., 1984; Zeman et al., 2008), and H. azteca
(Borgmann et al., 2005) via U waterborne exposures. The sublethal effects on survival, development
time, growth and LC50 for Chironomus ripanius larvae (e.g. Dias et al., 2005, 2005) exposed to
sediment-bound U have also investigated. In spite of the limited studies available in the literature on U
toxicity to invertebrates, Sheppard et al. (2005) were able to derive a predicted no effect concentration
(PNEC) for the chemical toxicity of U in freshwater invertebrates and benthos of 0.005 mg/L in water
and 100 mg/g dry weight in sediment. These PNEC were derived using the most sensitive and
ecologically relevant endpoint, such as the concentration where the endpoint was decreased by 25%
compared to the control (EC25) for the most ecological relevant organism(s). The reliability of these

PNEC values is low given the limited number of studies used to derive them. Therefore, more studies



on U toxicity to a variety of ecologically relevant organisms and via different exposure routes (i.e. the
sediment) are required if regulators want to develop and set appropriate water and sediment quality

guidelines for U in Canada.

1.7 Project Objectives

The Biotic Ligand Model (BLM), which is a chemical-equilibrium based model, has gained
popularity in North America in predicting metal toxicity (Paquin et al., 2002). The BLM considers how
different factors in the environment, such as the concentration of the free-metal ions, complexation of
free-metal ions with abiotic ligands and competition with other cations influence the extent to which a
free-metal ion binds and accumulates on or in an organism (biotic ligand; Niyogi and Wood, 2004). An
inherent problem of the BLM model, however, is in the limited types of chemical species and quality of
the thermodynamic constants available to accurately predict the free ion speciation (Slaveykova and
Wilkinson, 2005). Alternatively, a bioaccumulation saturation model has been shown to be successful
at predicting and relating toxicity to the H. azteca exposed to the metals and metalloids, Cu, Cd, As,
Co, Cr, Mn, Ni, Zn, TI, Pb in water and sediment (Borgmann et al., 2004; Norwood et al., 2006). This
model is analogous to the BLM in which toxicity is assumed to be a function of the amount of metal
bound to a specific ligand (e.g. fish gill) that has become saturated on the organism (Paquin et al., 2002;
Borgmann et al., 2004). This model is applicable only when the animal does not regulate or sequester
the metal and shows a saturation relationship between the exposure and bioaccumulation of the metal
(Borgmann and Norwood, 1997; Norwood et al., 2006). If properly developed and utilized, the
bioaccumulation saturation model can be used to predict metal bioavailability and toxicity to
invertebrates such as H. azteca exposed to U in the water. This model can also help explain the water-
sediment interactions of H. azteca exposed to sediment bound U, if U binding to the sediment saturates.
Regulators and risk assessors can in turn use these saturation models to develop appropriate U water
and sediment quality guidelines.

The purpose of this thesis is to determine if a water—bioaccumulation saturation model or a
water-sediment partitioning saturation model could be used to explain and quantify metal
bioavailability, bioaccumulation and toxicity to a representative freshwater amphipod, H. azteca,
exposed to U-spiked and contaminated field sediments with different overlying water chemistries. This
amphipod is found throughout North America, has a short generation time and is easy to culture,
identify and collect in the field (Borgmann and Munawar, 1989; Borgmann et al., 1989). It is sensitive
to metals and commonly used in sediment toxicity tests (EC, 1997). The following objectives, grouped

under the three headings, were set forth:



Bioaccumulation and toxicity of U in sediments as affected by overlying water chemistry. I
first determined how water chemistry influences the bioavailability, bioaccumulation and toxicity
of U to H. azteca exposed to spiked-U sediments by independently varying hardness, alkalinity and
pH parameters in the overlying water. Second, [ determined whether the water or sediment phase is
the major exposure pathway of U bioaccumulation in H. azteca is a more reliable indicator of
toxicity than concentrations in the water or sediment. Depending on the exposure pathway, the third
objective was to determine U bioaccumulation saturates in the animal, and if a saturation model can
be developed to explain metal bioavailability, bioaccumulation and toxicity to H. azteca. The last
objective was to apply a water-sediment partitioning saturation model to explain the water-sediment

interactions of U with different water chemistry (Chapter 2).

Uranium kinetics and modifying factors. I determined if there is the an effect on body size and
gut-content on the U bioaccumulation and toxicity to H. azteca exposed to water-only U
concentrations, given that these factors can influence the variability of metal bioaccumulation due
to the kinetics of uptake and elimination. Another objective was to estimate the uptake and
elimination rate constants to determine if steady-state is reached within a given exposure period to

ensure that future designs and interpretation of freshwater U toxicity tests are correct (Chapter 3).

Application of laboratory derived models in the field. Determine if the water-bioaccumulation
saturation model and water-sediment partitioning saturation model developed in the laboratory can
be applied in the field to quantify and explain U bioavailability and toxicity under natural
conditions (Chapter 4).
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Abstract

Data on the toxicity of uranium in sediments to Hyalella azteca and the effect of overlying
water chemistry are limited. This study exposed H. azteca to sediments spiked with U (0 to 10 000 pg
U/g dry weight) and five different overlying waters, which varied independently in hardness and
alkalinity. Water pH had a major effect on U uptake by H. azteca. Uranium toxicity was higher when
overlying water pH was low, while desorption of U into the overlying water increased with increasing
pH. There appears to be little effect of Ca on U uptake, other than its influence on U speciation.
Experiments with caged animals indicate that U accumulation and toxicity occurs mainly through the
dissolved phase rather than the solid phase. Uranium bioaccumulation is a more reliable indicator of U
toxicity than U concentrations in water or sediment. Uranium bioaccumulation in H. azteca and U

adsorption to sediment can be satisfactory explained using saturation models.

Keywords: Hyalella azteca; Uranium; Bioavailability; Toxicity; Biotic ligand model

2.0 Introduction

Uranium (U) is an interesting metal in that there are two modes of toxic action: chemical and
radiological. The chemical form is generally of more concern, since the radioactivity of U has a low
specific activity, 1.24 X 10* Bg/g for U-238, the most common isotope in natural ores (EC/HC, 2004).
Due to its significant value as a nuclear energy resource, U can enter the aquatic environment through
anthropogenic activities (EC/HC, 2004). An Environment Canada/ Health Canada (2004) report on
releases from nuclear facilities concluded that U and U compounds from mines and mills were
potentially chemically toxic and could cause immediate or long-term effects on the environment.
Radionuclides, on the other hand were not considered to be toxic at the current concentrations released
into the environment. However, the report did recommend that the release of any radionuclides from U
facilities be regularly monitored to determine future risks associated with radiological exposure.
Despite the concern that the chemical form of U in the environment may be toxic, there are currently no
U water and sediment quality guidelines in Canada or the United States. This is impeding the
management of aquatic environments near U mines and tailings.

The chemical speciation of U in water is complex and not fully understood. Chemical
speciation of U is affected by hardness, pH and natural organic matter (Markich, 2002). Although U
may occur in several oxidation states, the hexavalent uranyl ion (UO,”") is the major and most stable
form in oxidized waters. Chemical speciation models have shown that UO,*" and UO,OH" ions may be

the major species responsible for U toxicity (Markich et al., 2000) in aquatic organisms.
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The toxicity of U in water varies with water chemistry. In Hyalella azteca exposed for 1 week
in water-only experiments, there was 30-fold higher toxicity of U in soft water than hard water
(Borgmann et al., 2005). Studies with fathead minnow, Pimephales promelas (Tarzwell and Henderson,
1960), green hydra, Hydra viridissima (Riethmuller et al., 2001) and Chlorella sp. (Charles et al.,
2002) have also shown that U toxicity decreases with increasing water hardness. Currently, there are
no published studies that address the toxic effects of sediment-bound U to the freshwater invertebrate
H. azteca,; a species commonly used in sediment toxicity tests and representative of invertebrates found
in Canadian freshwaters (EC, 1997; Borgmann and Norwood, 1997a).

The Biotic Ligand Model (BLM), in which it is assumed that free metal causes toxicity when
the metal binds and accumulates to a certain concentration at the site of action or a surrogate for that
site on or in an organism, has gained popularity in North America as a tool to predict metal toxicity in
the aquatic environment (Paquin et al., 2002). The BLM takes into consideration how different factors
in water, such as complexation of free-metal ions with abiotic ligands and competition with other
cations, can influence the extent to which a free-metal ion binds to a site of toxic action on an organism
(Niyogi and Wood, 2004).

One way to account for the effects of different confounding factors (e.g., pH and hardness) on
the speciation, bioavailability and toxicity of metals in water and sediments is to measure metal
bioaccumulation by an organism. Metal body concentrations in H. azteca, have been shown to be a
reliable indicator of metal toxicity for non-regulated and non-sequestered metals (Borgmann and
Norwood, 1997a, 1999a; Norwood et al., 2006).

The purpose of this study was to investigate and compare the bioaccumulation, bioavailability,
and toxicity of U to H. azteca exposed to U-spiked sediments with different overlying waters for 28
days. The objectives were to determine how overlying water chemistry affects the desorption of U from
the sediment, if a saturation model like the BLM can be used to describe U bioaccumulation and
toxicity to H. azteca, if pH and/or hardness are the main factor(s) influencing U speciation and toxicity,
if the toxicity of U to H. azteca is via the solid phase (sediment) or dissolved phase (water) and if U
bioaccumulation in H. azteca is a better indicator of U bioavailability and toxicity compared to U

concentrations in water and sediment.

2.1 Theory
2.1.0 Metal Bioaccumulation

A mechanistic saturation model (Borgmann et al., 2004; Norwood et al., 2006) has been shown
to be as good as, or better than, allometric equations (McGeer et al., 2003) at describing

bioaccumulation of Cd, Cu, Hg, Ni, Pb, Ti, and Zn by H. azteca. This model is described by:
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max C
B :—“+CBKG (21)
K, +C,

0.

where Crg is the total body concentration of a metal, max is the maximum (above background
concentration) accumulation of the metal by the organism, C,, is the concentration of the metal in water,
Ko is the half saturation constant (concentration at which the Crp is halfway between the maximum
accumulation and background concentrations), and Cgkg is the background Crg in animals in the
absence of any metal added to the water.

In the BLM (Di Toro et al., 2001, Paquin et al., 2002) metal binding to the site of toxic action

can be described by:

_ [L,][M" ]
(1+K H]J+K_[Ca”]+..)K' +[M"]

[ML] (2.2)

where Lt is the total (bound plus free) ligand ([Lt]=[L] +[ML] + [HL]+ [CaL] +...), K, is the binding
strength of the metal to L, Ky and K¢, are the binding strengths of competing ions for the same site, and
H' and Ca”" are the concentration of hydrogen and free calcium ion. Other cations, such as potassium
(K") or magnesium (Mg"), could also appear in the model, depending on the metal and organism being
tested, but are omitted here for simplicity. Eq. (2.2) is analogous to Eq. (2.1) (Borgmann et al., 2004).
For instance, max may be equivalent to the number of binding sites on the biotic ligand, [Lt].
Alternatively Crg might be a function of the ratio of metal uptake to metal excretion (Borgmann et al.,
2004; Norwood et al., 2006). In this study, the max term is a function of ML, the rate of transport of
metal into the organism by ML, and the inverse of the metal excretion rate.

The Ky 5 value can be expressed as:

K,s=a+bH")" +c(Ca) +... (2.3)

where a = 1/K,,, and b, and ¢ are the products of a and the corresponding binding constants of the
different cations. In Eq. (2.2) n = 1, however n can also be equal to other integer values if more than
one hydrogen ion binds to the ligand. The value of n is the slope of the plot of log (Kgs) versus log (H")
if the other ions are held constant. Overall, Eq (2.3) results in a linear relationship between the K s

value and all the major cations in the water, except possibly for H', on a free ion concentration basis.
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2.1.1 Sediment

The binding of metal in water-sediment can also be explained by Eq. (2.1), but may, as in this

study, require modification to include additional binding sites:

max'C, max"C,
Coa = . - + Chas (2.4)
K'\s+C, K" ;+C,

where Cyq is the total metal concentration in the sediment, Cgkgs is the background concentration of
Cseq in the absence of spiked metal, max’ and max’’ are the maximum (above background
concentration) in the sediment, C,, is the concentration of the metal in water, Kos’ and Kys5’” are half
saturation constant. The difference between Egs. (2.1) and Eq. (2.4) is that in Eq. (2.4), Cq is assumed
to have two binding sites.

If the first binding site of the sediment is extremely weak, K’os >>C,, then Eq. (2.4) can be

simplified to:

C. =0C, +———" +Cpys 2.5)

(P2

where “a” represents max'/Ky s'; the initial slope of the saturation curve (Borgmann et al., 2004).
The inverse of a in Eq. (2.5) can also be related to major ion concentrations in a manner similar

to Ko5 in Eq. (2.3). In this case:
1 1 1 +\7n 1
—=a+b'(H")" +c'(Ca)+... (2.6)
o

where @’ = 1/K,,,” and b’, and ¢’ are the products of @’ and the corresponding binding constants of the
different cations.

For the second binding site, the sediment K;s’

described in Eq. (2.3):

is related to the major ion concentration as

K, =a'+b"(H)" +c"(Ca)+.... 2.7)
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2.1.2 Metal Toxicity and Bioaccumulation Relationships

Mortality in H. azteca is described using the mortality rate model (Borgmann et al., 2004):
me_ In(N'/No) 3 In(N/N")
t t

=m'+m" (2.8)

where m is the mortality rate if mortality is constant and continuous, N is the number of surviving
animals, N, is the initial number of animals, N’ is the number of surviving control animals, ¢ is time, m’
is control mortality and m’’ is the mortality caused by the metal.

Mortality can also be described using the saturation models (Borgmann et al., 2004):

C nw
m=m'+ x> (2.9a)
K, +C,
C nb
m=m'+ [M} (2.9b)
KTB +CTB

where the max,,, maxrgx, Ky, Krp, and Crg (background-corrected) are analogous to max, K5, Cy, and
Crg in Eq. (2.1).

At the LC50 (lethal concentration causing 50% survival) or LBC50 (lethal body concentration
causing 50% survival), the maxrgx constant in Egs. (2.9a) and (2.9b) can be replaced with the LC50 or
LBC50 giving (Borgmann et al., 2004):

_ m'+(1n(2)j{c“ ((1/LC50) + (l/K))] (2.100)
t (I+C,/K))

_ m,_{ln(Z)j[Cm ((1/LBC50) + (1/K))} (2.100)
t (1+C./K,)

If mortality reaches a maximum, then the K value represents the concentration at which mortality
reaches 0.5™ or 0.5™ times max.

The effect of water chemistry on acute metal toxicity to invertebrates LC50 and LCBS50
estimates can be predicted using the BLM model approach (De Schamphelaere and Janssen, 2002;
Borgmann et al., 2004) by re-arranging Eq. (2.1):
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_ Ko.s (CTB B CBKG)

w = (2.11)
max—(Cqy = Cpg)
and replacing Crg with LBC50 and C,, with LC50 to give:
K, (LBC50-C
LCSO — 0.5( BKG) (212)

max - (LBC50-Cj, )

If the LBC50, Cgkg and max are constant, then the LC50 is proportional to K5 and can be described

using an equation analogous to Eq. (2.3).

2.2 Methods
2.2.0 Culturing

H. azteca were cultured as described by Borgmann et al. (1989) in dechlorinated Burlington tap
water originating from Lake Ontario. Each culture container was supplied with 1 L of dechlorinated
water (in mg/L: dissolved organic carbon = 0.6 £ 0.1; dissolved inorganic carbon = 18.7 = 0.7; Cl =
282+ 1.8;S0,=42.0+3.0; Ca=36.5%+1.1; Mg=9.0+£0.3; Na= 174 £1.7; K= 1.7 £ 0.1, alkalinity
(as CaCOs) = 78.0 + 2.8; hardness (as CaCO;) = 127.9 + 3.9, pH 7.9 to 8.2). Culture water was
renewed weekly, with the young being separated from the adults in order to maintain a continuous
supply of 0-1- week-old amphipods for the experiments. The culture and experimental animals were
held in a walk-in incubator at 25 £ 1°C with a 16h light: 8h dark photoperiod. The animals that were
used in the experiments were acclimated in their respective experimental water media (see below) for 3-
7 days prior to the start of the experiments. Therefore, the initial age of the H. azteca at the start of the

experiment was 3-14 days for the young and 14-15 weeks for the adults.

2.2.1 Sediment

Reference sediments from two Canadian Shield Lakes, Tomiko (TOM10, 46.06° N 79.80° W)
and Restoule (RES10, 46.53° N 79.83° W), at a depth of 10 m, were used for U spiking. Sediments
were collected in May of 1996 as described by Borgmann et al. (2001a). Equal volumes of TOM10 and
RES10 were mixed together to produce a sufficient volume of sediment. Each sediment was composed
of 56-59% clay, 41-44% silt, 6.7-8.8% organic carbon, 0% sand, and moisture content 83-87%. The
sediments were not sieved or treated prior to spiking with U.

Sediments were spiked as described by Borgmann and Norwood, (1997b, 1999a). In short, a
stock solution containing U (uranyl nitrate trihydrate, International Bio-Analytical Industries, Inc.) was

diluted with Milli-Q® water to different nominal concentrations of U. For each nominal concentration,
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an equal amount of the diluted stock solution (250 mL) and reference sediment (250 mL) were mixed
together in 500 mL bottles to achieve the nominal concentrations of 0.079-79 pumol U/g dry weight
(dw). This procedure was repeated twice for each concentration.

The 500 mL bottles were attached to a rolling rotor and gently rolled at 4 rpm for a week. The
bottles were removed from the rotor and stored at 4°C for 1 month to allow the U to bind and partition
to the sediment. The two bottles with the same nominal concentrations were combined by first
centrifuging the bottles for 20 min at 3540 rpm and then aspirating off ~250 mL of the overlying water.
The two bottles of sediment were combined (500 mL of spiked sediment), and placed in a 4°C cold
room until further use.

The concentrations of U in the sediment (Table 2.1) were determined by first drying each
sediment sample for 1 week in a 60°C oven and digesting the dried sediment with 70% nitric acid (high
purity acid, omniZrace®, E.M. Science) for 1 week at room temperature followed by 30% hydrogen
peroxide (A.C.S. reagent, J.T. Baker) for 24 h. Each sample was then made up to a final volume with
Milli-Q® water and analyzed by the National Laboratory for Environmental Testing (NLET),
Burlington, Ontario using inductively coupled plasma mass spectrometry (ICP-MS; NLET, 2007).

2.2.2 Water Chemistry

Chronic 4-week (28 day) static, non-renewal experiments were conducted with five different
overlying water treatments: SAM, moderately hard water with high alkalinity (5-salt Standard Artificial
Medium: 1 mM CaCl,, ImM NaHCO;, 0.25 mM MgSQO,, 50 uM KCI, 10 uM NaBr); MHSAM, hard
water with low alkalinity (Modified Hard SAM: SAM with 90% of the NaHCO; replaced with NaCl);
50SAM, intermediate hard water with intermediate alkalinity (50% SAM: SAM diluted to 50% with
Nanopure® water; Barnstead International, lowa, USA); MSSAM, soft water with high alkalinity
(Modified Soft SAM: same as SAM but with only 10% as much CaCl, and MgSQO,); and 10SAM, soft
water with low alkalinity (10% SAM: SAM diluted to 10% with Nanopure® water (10SAM(1)) or
10SAM(2) with 0.1 mM of NaHCOj; added to the water). SAM is similar to Lake Ontario water and
10SAM is similar to waters commonly found in Canadian Shield Lakes. The MHSAM has the same
hardness and cation content as hard water (SAM) but the same pH and alkalinity as that of soft water
(10SAM). The MHSAM water is similar to effluent that may flow from tailings that have been limed.

In initial experiments with 10SAM (1) there was a substantial decline in pH (to pH 5-6) in the
overlying water after a 2-week equilibrium period. The overlying water in the 10SAM (1) treatment
was replaced and allowed once again to equilibrate for two weeks. Since water renewal has the
potential to flush bioavailable metals out of the test chamber (Ankley et al., 1993), a second experiment

was completed with 10SAM (2). The addition of 0.1 mM NaHCO; to the original 10SAM (1)
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maintained a more constant pH, eliminating the need for water renewal. This allowed this treatment to

be better compared with the other treatments where water renewal did not take place.

2.2.3 Experimental Set-up

Approximately 5 mL of sediment with a depth of 1 cm and a surface diameter of 3 cm was
added to a polycarbonate Imhoff settling cone (Borgmann and Norwood, 1999b). One litre of overlying
water was added to achieve a water-to-sediment ratio of 200:1 (Fig. 2.1). The use of settling cones with
a high water to sediment ratio ensures a better quality of the overlying water (e.g. reduction in pH
shifts) compared to standard static toxicity tests using beakers (Borgmann and Norwood, 1999b). The
test chambers were covered with a plastic translucent lid and placed in a cone rack in a walk-in
incubator at 25 °C. Each chamber was allowed to equilibrate for 2 weeks prior to the addition of the
animals. The surface of the sediment was oxygenated by gentle aeration through a glass tube capped
with a 200 uL polypropylene pipette tip. During the 2-week equilibrium period, the chambers were kept
in the dark to prevent algal growth. Control treatments were done in triplicate, while the U-spiked
treatments were done in duplicate.

After the initial 2-week equilibrium period in the dark, 15 H. azteca (3-14-day-old) were added
to each chamber and exposed to the U-spiked sediment for 28 days under fluorescent lighting with a
16h light: 8h dark period. Ground TetraMin® fish flakes (Tetra Holding Inc., USA) were added to each
test chamber three times per week at the following rates: week 1 and 2, 2 mg; week 3, 2.5 mg; and
week 4, 5 mg.

Studies have shown that equilibration between metals in H. azteca and water is rapid
(Borgmann and Norwood, 1999a, 1999b), allowing reasonable estimates of bioaccumulation to be
obtained with 1-week exposures. Thus, for SAM (2) and 10SAM (2) treatments, 15 caged adult (14-15-
week-old) H. azteca were suspended above the sediment mid-way through the 4-week tests (day 14) for
1-week (Fig. 2.1). Cages were made of 120 mL polypropylene specimen containers with the bottoms
cut out and replaced with a 200 um mesh. Each cage also contained a 2.5 x 2.5 ¢cm of cotton gauze as a
substrate for the animals. The purpose of the caged animals was to determine if U accumulation was
from the dissolved (water) phase or the solid (sediment) phase, since non-caged animals were in contact
with the sediment-water interface. These caged animals were fed 5.0 mg of ground TetraMin® fish
flakes three times per week.

Two 10 mL overlying water samples were taken on days 0 and 28 from each chamber to
determine total and dissolved U. Water samples were acidified to 1% with HNO; (high purity acid,
omniTrace®, E.M. Science) and placed in a 4 °C cold-room pending analysis. For the dissolved U water

samples, water was first passed through a 0.4 pm polycarbonate filter (Nuclepore® (PC) Polycarbonate,
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Whatman) prior to acidification. Ten milliliters of water samples were collected and used to measure
pH (ATI ORION, Model 420A), ammonia (Aquarium Test for freshwater, NUTRAFIN®), conductivity
(VWR Scientific, Model 1054) and dissolved oxygen (Thermo Orion, Model 805APlus) at the
beginning and end of the experiments.

On day 28, 125 mL of overlying water were collected and measured for dissolved organic and

inorganic carbon using a UV-persulfate TOC analyzer (Pheniox 8000™

); 500 mL of water were
collected and measured for the major ions Ca, Mg, Na, and K using an atom absorption
spectrophotometer and Cl and SO, using ion chromatography. These water samples were all analyzed
by the National Laboratory for Environmental Testing (NLET), Burlington, Ontario, Canada (NLET,
2007)

For the treatments involving exposure to caged animals, the cages were removed from the
incubator on day 21. For all experiments the cones were removed on day 28. In both cases surviving
amphipods were isolated by sieving and rinsing in clean water. The amphipods were counted and
placed in a 120 mL plastic specimen container with 50 uM EDTA (Ethylenediaminetetra-acetic acid,
BDH Chemicals, LTD.) and 5.0 mg TetraMin® food for 24 h to clear their guts. The gut-cleared
amphipods were weighed as a group to provide a mean mass per container and dried for 48 h at 60°C.
Groups of six dried amphipods (about 1-3 mg total dry mass) were digested as described in Borgmann
and Norwood (1997b) and then analyzed for U concentrations. All U chemical analyses were done by

the National Laboratory for Environmental Testing (NLET) using inductively coupled plasma-mass

spectrometry (ICP-MS, NLET, 2007).

2.2.4 Statistical and Data Analysis

Statistical and model analyse were conducted using SYSTAT version 10.0 (Chicago, Illinois,
USA). The survival data were converted to a mortality rate using Eq. (2.8) above. The mortality rates
were fourth-root transformed, growth data were square-root transformed and all metal concentration
data were logarithmically transformed to normalize the data and equalize variances before statistical
analysis. Comparisons between treatments and groups were made by one-way analysis of variance
(ANOVA) followed by Tukey’s multiple comparison test for differences among treatments and groups
(P<0.05). The log-log relationships between U in the water, sediment and H. azteca, were obtained
using the NONLIN (non-linear regression) module. The same module was used for calculating the 95%
Wald confidence intervals, growth parameters and mortality rates. Curve fitting was performed using
the combined 28-day data from all seven experiments to provide the best fit estimate of the overall

relationship.
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The LC50s in the water/sediment and the LCB50 in H. azteca were determined using the
trimmed Spearman-Karber method (Hamilton et al., 1977). The measured U concentrations in each
experiment were then divided by the respective LC50s to convert all water concentrations to toxic units
(TU). The data for all experiments were then pooled and Eq. (2.10a) above was used to compute the
LC50, LC25 and LC10 for the pooled data on a toxic unit basis by replacing the C,, term in Eq. (2.10a)
with the TU data. Converting C,, into TU allowed pooling of the data from all experiments, thereby
increasing the number of partial-effect points and providing a better estimate for the slope of the
toxicity curve. The 1/K term was also replaced with KI, so that the inverse of K was estimated rather
than K. This allows the 1/K estimate to be equal to 0 if K approaches infinity (Borgmann et al., 2004).

Growth after 4 weeks exposure was determined on a wet weight basis using the model

described by Borgmann et al. (1998):

WV

w-_ " 2.13
1+a(C,)" @13)

where W’ is the control or maximum wet weight when C,=0, and « and n are constants. The FUNPAR
module in SYSTAT was then used to compute the 10% (EC10), 25% (EC25) and 50% (EC50) growth
effect from the estimated @ and » values from Eq (2.13) as:
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where EC10, EC25 and EC50 = C,, in Eq. (2.13) with W/W’ = 0.90, 0.75 and 0.5 respectively
(Borgmann et al., 1998).

The EBC10, EBC25 and EBC50 were calculated using Eq. (2.1) with C,, replaced with EC10,
EC25, and EC50, respectively, i.e.

EBC10 = _max EC10.
K, +ECI0

EBCOS — max EC25
K, +EC25
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max EC50

EBC50= ————
K,s; + EC50

Uranium speciation was determined using stability constants from NIST Standard Reference
Database 46, the OECD Nuclear Energy Agency (Guillaumont et al. 2003), and Dong and Brooks
(2006) and compared to MINTEQAZ2 version 4.03 (U.S. EPA, Athens, Georgia, USA) for verification.

2.3 Results
2.3.0 Overlying Water Chemistry

Dissolved oxygen, ammonia and pH levels were consistent among the various experiments.
The mean (95% CI) dissolved oxygen was 8.64 (0.58) mg/L for all experiments. Mean ammonia
readings for all treatments were <0.1 mM, except for SAM (0.10 mM) and MSSAM (0.13 mM).
Survival in the SAM and MSSAM treatments was, however, between 81 and 88%, suggesting that the
increased ammonia levels did not contribute to toxicity. The LC50 of ammonia in tap water (similar to
SAM) is 0.95 mM (Borgmann, 1994). Conductivity was consistent within overlying water treatments,
but ranged from 482 (SAM) to 62 uS/cm (10SAM) among treatments.

Dissolved (0.4 um filtered) U in the overlying water increased significantly (p<0.05) with
increasing U concentrations in the sediment (Table 2.1). The release of U from the sediment into the
overlying water increased with increasing pH. At pH around 8, there was a higher total dissolved U
concentration in the overlying water compared to pH around 7 at the same sediment concentrations

(Table 2.1).

2.3.1 Speciation Model

Uranium speciation estimates for the various treatments (Table 2.2), based on the model
reported here, showed that at low pH 0.1-0.4% of U was in the free form, 53-61% was in the neutral
carbonate complex, a lesser amount was present as dicarbonate, and 7-15% was in the form of one of
two hydroxides. In addition, when there was a higher concentration of Ca (40 mg/L) in the water at a
higher pH (7.97-8.00), approximately 62% was predicted in the Ca,UO,CO; form, while 68% was
predicted as CaUQO,(CO3); at pH 7.23 and low Ca concentrations.
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2.3.2 Bioaccumulation and Sediment Saturation Models
2.3.2.0 Bioaccumulation

A background term (Cpgg) was used in all saturation models (Table 2.3; Fig(s). 2.2 and 2.3) in
order to fit the bioaccumulation data. These background terms were calculated from the geometric
mean of the control samples in the absence of U exposure.

The bioaccumulation of U from water followed a dose-response relationship described by Eq.
(2.1). The max and K5 estimates and corresponding confidence limits (Table 2.3) for the different
treatments were obtained using the NONLIN regression module in SYSTAT. The R* for all the
treatments ranged from 0.86 to 0.98 (Table 2.3; Fig. 2.2). The max values among the different
overlying water treatments were similar (Table 2.3). The half saturation (K, s) values, on the other hand,
varied between the treatments, with the K 5 values being lower for treatments with a low pH and higher
for treatments with a high pH. The same was true for the max/K,s values, which represent the initial
slope of the bioaccumulation curve. This agrees with the BLM where the K, 5 value is dependent on the
water chemistry, while the max term is independent of water chemistry.

These findings suggest that a U BLM model for H. azteca is feasible. Given that the max values
among the different treatments were similar (Table 2.3), the geometric mean for max was calculated (73
nmol/g dw) and fixed in Eq. (2.1). The model was then re-run to estimate a second set of K¢ s values
(Table 2.3). The second set of estimated Ko s was used to calculate a, b, and ¢ constants and » in Eq.
(2.3).

The best fit in Eq. (2.3) was obtained when n was set equal to 4(Fig. 2.4). The a, b and the
corresponding 95% confidence intervals were 4.2E-2 (1.6E-3-1.1) pmol/L and 2.17E+6 (4.5E+5-
1.1E+7), respectively. The R* was equal to 0.91 (Fig. 2.4). For the K,s-free ion based on measured
dissolved U and modelled percent free uranyl ion, a positive value for ¢ could not be obtained. This

suggests that there was no Ca effect on U uptake, other than its influence on U speciation.

2.3.2.1 Caged H. azteca

When U body concentrations were regressed against U water concentration for animals
exposed to the water-only phase compared to animals exposed to both the dissolved and solid phase, the
points overlapped (Fig. 2.3) in both the SAM (2) and 10SAM (2) treatments. This suggests that U is
mainly accumulated via the water rather than the solid-phase sediment. When estimating the max and
Ko values using Eq. (2.1) for the caged adult animals (Table 2.3), the max and Ky 5 trends were similar

to those animals exposed to the solid phase.
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2.3.2.2 Sediment

The binding of metal to sediment can also be explained by a saturation model, but with
inclusion of a second weak-binding site, Eq. (2.5). The max", Kos" and max"/ K 5" estimates are given
in Table 2.4. The R? for the individual treatments ranged from 0.93 to 0.99. The K" values for the
sediment to water interaction were lower for treatments of low pH relative to those with a high pH. The
max" was also similar among the treatments, with a geometric mean of 7500 nmol/g dw. The o value,
which represents the weak binding site on the sediment, was higher for the treatments with the lower
pH than those with a higher pH. This matches the trend for max'/Kys'.

As was similarly done for the H. azteca bioaccumulation model, Eq. (2.1), the geometric mean
of max for sediment (7500 nmol/g dw) was fixed in Eq. (2.5) and the model was re-run to estimate a
second set of a and Ky 5" values (Table 2.4). The second set of estimated o and K¢ 5" values were used to
calculate the a¢' and b' constants in Eq. (2.6) for o, as well as the a" and b" constants in Eq. (2.7) for
Kos". The best fit for o in Eq. (2.6) was achieved when n = 4 and a' and b were equal to 0 and 170
(55-530), respectively. The R* was equal to 0.95.

The best fit in Eq. (2.7) for the sediment Kos was obtained when n was also equal to 4. The a",
b" and the corresponding 95% confidence intervals for Eq. (2.7) were estimated to be 0 and 2.02E+5
(6.71E+4-6.08E+5), respectively. The R* was 0.96.

The ratio max"/Kgs" divided by o was also computed (Table 2.4). This ratio was similar among
the treatments, suggesting that both the first weak binding site and the second binding site on the
sediment are affected similarly by water chemistry (Table 2.4). This is not surprising since no value for
a', a", ¢' or ¢" greater than 0 could be estimated, and since the best fit for » was equal to 4 in both Egs.

(2.6) and (2.7). Both Ky 5" and 1/a are, therefore, proportional to hydrogen ion to the fourth power.

2.3.2.3 Uranium Toxicity

The LC50 based on measured U in water, and corresponding confidence limits, were strongly
dependent on overlying water chemistry (Table 2.5). The order of U toxicity was soft water, low
alkalinity (10SAM)> hard water, low alkalinity (MHSAM)> soft water, high alkalinity (MSSAM)>
intermediate hard water, intermediate alkalinity (S50SAM)> hard water, high alkalinity (SAM). On
average, U toxicity was higher when the overlying water pH was low. A higher concentration of Ca in

the water did not have a major effect on U toxicity at circumneutral pH (Table 2.5).

" In the published article the b’ estimate was reported incorrectly. It should have been 170 and not 2.17E+6. All
the appropriate changes were made throughout.
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The LBC50 vaules for H. azteca were more consistent than LC50s between the different
overlying waters and sediments (Table 2.5). This suggests that U bioaccumulation may be a better
indicator of U bioavailability and toxicity than total U concentrations in the overlying water or the
sediment.

When the dissolved U LC50s were compared on a free uranyl ion basis, there were more free
ions in overlying waters of low pH compared to those of high pH (Table 2.5). In addition, a higher
concentration of Ca in the overlying water (MHSAM) appeared to have only a minor effect in reducing
the free uranyl ion concentration in the water. It appears that speciation of U in the water is affected
primarily by pH, which in turns modulates U toxicity to H. azteca.

The LC50, LC25 and LC10 values obtained by fitting Eq. (2.10a) to the pooled data for U in
water, respectively, on a toxic unit basis were 1.02, 0.74 and 0.56. This gave an LC25/LC50 and
LC10/LCS50 ratio of 0.73 and 0.55 for U in water. Applying Egs. (2.1) and (2.5) gave an average
L(B)C25/L(B)C50 and L(B)C10/L(B)C50 ratio of 0.87 and 0.76 for U in H. azteca and 0.79 and 0.65
for U in sediment, respectively.

Since U toxicity to H. azteca is relatively constant on a body concentration basis, and since
bioaccumulation follows a saturation model, this saturation model can be applied to estimate the effect
of the hydrogen ion (water chemistry) on U toxicity, i.e. the free ion LC50. Combining Egs. (2.3) and
(2.12) results in the relationship:

Leso. - lat B[H]*)LBC50—C () 2.14)
T max — (LBC50 - Cpy() '

The exponent is expected to equal 4 because toxicity is a function of bioaccumulation and
because bioaccumulation is best modelled assuming that four protons bind to each binding site. The
observed free ion LC50s matched the predicted free ion LC50s, calculated using Eq. (2.14) with the a
and b estimates from the bioaccumulation models and mean LBC50, reasonably well (Fig. 2.5a). The
data for Fig. 2.5a were, however, too variable to clearly demonstrate a curvature at low hydrogen ion
concentrations analogous to that seen in Fig. 2.4.

When the dissolved LC50 (nmol/L) is plotted against the H' (umol H/L), it decreases with
increasing H' (Fig. 2.5b). A single line cannot be drawn through these data because the speciation of U
is dependent on Ca as well as pH. Nevertheless, the observed LC50s did match the predicted LC50s
reasonably well (Fig. 2.5b).

Growth on a wet weight basis was modelled using Eq. (2.13). The estimated values for the a

and n constants were, however, extremely variable. The exponent n ranged from 0.56 to 6.6 between
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experiments, with wide confidence limits. Both the median and geometric mean for n was 1.4. A
second set of values for each experiment was, therefore, determined by fixing n to 1.4. The n value of
1.4 and the second set of a estimates were used to compute the EC10, EC25 (Table 2.5) and EC50 for
growth. An EC25/EC50 and EC10/EC50 ratio of 0.46 and 0.21, respectively for U in the water was
determined.

There was a growth effect of U on H. azteca. The EC25 followed a similar trend to the LC50 in
that the EC25 was lower in overlying water of low pH than at high pH (Table 2.5). Although growth
was a slightly more sensitive endpoint than survival, it was more variable. The confidence limits for
the EC25 were considerably wider than for the LC50 (Table 2.5).

The EBC10, EBC25 and EBC50 could not be determined directly from bioaccumulated U
using Eq. (2.13), because there were no surviving animals in which to measure U body concentrations
at those concentrations causing mortality. Given that bioaccumulation followed a saturation model, Eq.
(2.1) was applied to estimate the EBC10, EBC25 and EBC50. To do this Cy, in Eq. (2.1) was replaced
with the appropriate EC10, EC25 or EC50 value, the max was set to the geometric mean of 73 nmol
U/g (Table 2.3) and the appropriate K, s values (Table 2.3) were used.

EBC25/EBC50 and EBC10/EBC50 ratios of 0.68 and 0.41 for U in H. azteca were determined.
Table 2.5 shows the EBC25 for H. azteca growth. The EBC25 shows a trend similar to that of the
EC25, with EBC25 being more sensitive to overlying water chemistries of low pH than high pH. The
EBC25 estimates were similar to those of the LBC50, suggesting that growth may be as sensitive as

survival in predicting U toxicity in H. azteca exposed to spiked-U sediments for 28 days.

2.4 Discussion

Benthic organisms often accumulate most of their metal burdens from the overlying and/or pore
water (Borgmann, 2000). That is the case in this study: H. azteca suspended in cages in overlying water
(Fig. 2.3) showed the same bioaccumulation and toxicity of U as those exposed directly to U-spiked
sediment. This suggests that the bioaccumulation of U by H. azteca is primarily through the dissolved
phase rather than the sediment. This was also the case for studies with Cd, Ni and Pb (Borgmann et al.,
1991; Borgmann and Norwood, 1999a; Borgmann et al., 2001b).

Since bioaccumulation is primarily via dissolved metal, the impact of metal-contaminated
sediments on aquatic organisms involves two phases: desorption of metals from the sediment into the
water, and uptake of the metals from the water into the animal. Many times the partitioning of metals
from the sediment into the overlying water is influenced by the overlying water chemistry. That was the
situation in this study, where the desorption of U from the sediment to the overlying water increased

with increasing pH (Table 2.1). The higher concentration of U is probably due to a higher association of
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the uranyl ion with Ca-CO; complexes in water at increasing pH (Table 2.2). Speciation calculations,
using recently published U stability constants (Dong and Brooks, 2006) suggest that the Ca,UO,(CO3);
(~ 68% bound to uranyl ion) is more important at high Ca concentrations than the CaUO,(CO3);™
(~62% bound to uranyl ion), which appears to be more important at lower Ca concentrations with high
pH (Table 2.2).

The saturation model, Eq. (2.1), which is analogous to the BLM, Eq.(2.2), was used to explain
the dose-response relationship of U bioaccumulation in H. azteca via water (Fig. 2.2). The value of max
for U for H. azteca was low when compared to other metals studies with H. azfeca as the model
organism. For instance, the geometric mean max of 73 nmol/g for this study was lower than those for
As, Pb, Cd, Co, Cr and Hg (range 219-1760 nmol/g; Borgmann et al., 2004; Norwood et al., 2006). This
suggests that a small amount of U bioaccumulation is enough to saturate the binding sites on H. azteca
and therefore, contribute to toxicity.

Eq. (2.3) was useful for differentiating the effect of the hydrogen ion from that of hardness. The
Ko value, which is dependent on water chemistry, was determined to be a function of the hydrogen ion
to the power of 4. The values of a (4.2E-14 mol/L) and b (2.17E+18) could be calculated (Fig. 2.4), but
a positive value for ¢ could not be obtained, suggesting that Ca does not play a major factor in reducing
U uptake by H. azteca.

Since a=1/ K, the estimated log K for U was calculated to be 13.38. The log K for U is higher
in comparison to chronic BLM studies on Daphina magna and rainbow trout for Cu (8.02) and Zn
(5.50, De Schamphelaere and Janssen, 2004a; De Schamphelaere and Janssen, 2004b). However, the
log K values for Cu and Zn cannot be realistically comparable because the log K values for Cu and Zn
in the above chronic studies were by default set equal to the log K values estimated for acute studies.
Log K values reported for Ag (7.3-10), Cu (7.4-8.0), Cd (8.6), Co (5.1), Pb (6.0) and Zn (5.3-5.5) for
mostly acute studies (Niyogi and Wood, 2004) are all lower than our estimate of log K for U.

Since b (Eq. 2.3) = Ky/Ky, the log K value for H' calculated in this study is 31.7. However,
this K value is for the binding of four, rather than just one, hydrogen ions to the ligand. It is not,
therefore, comparable to the log K values for H' in the chronic Cu (6.7) and Zn (6.3) BLM models for
Daphina magna and rainbow trout, respectively (De Schamphelaere and Janssen, 2004a; De
Schamphelaere and Janssen, 2004b).

Fortin et al. (2007) found that the uptake of U by the green alga, Chlamydomonas reinhardtii, is
influenced by pH: U uptake increased with increasing pH (5-7) despite a decrease (65-0.1%) in the
proportion of calculated free uranyl ion concentration in solution. The authors suggested that the
influence of pH is two-fold in that increasing pH reduces the proton concentration, thus decreasing

competition for the physiologically active sites on the algal cells, while the complexation by carbonates
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and hydroxides reduces the free uranyl activity, thereby reducing U bioavailability. By comparison, for
H. azteca the influence of pH on U uptake appears to be more dependent on U speciation than H"
competition at ligand binding sites, given that there was a decrease in U uptake by H. azfeca with
increasing pH and decreasing free uranyl ions (Table 2.2).

The sediment-to-water saturation model, Eq. (2.5) was successful in explaining the interactions
of U in the water with the sediment (Table 2.4). Both a and Kqs’* were related to the effect of the
hydrogen ion in the water-sediment saturation model as described by Egs. (2.6) and (2.7), respectively.
However, a value for a’ and a’’ could not be calculated. This is probably because the ligands in the
sediment are likely almost all protonated, leaving limited amount of available free ligands. An
experiment with overlying pH levels above 8, with fewer protons in solution and a higher proportion of
free ligand, may be sufficient to determine these @’ and @ ’’ values.

The ratio max"/Kys" divided by a was computed (Table 2.4) with similar values amongst
treatments. This ratio indicates that both binding sites on the sediment are affected similarly by water
chemistry (Table 2.4). This would be expected if a’ and a’’ are both negligible and if n in Eq. (2.6)
equals n in Eq. (2.7).

Published studies on the toxicity of U to aquatic organisms are limited. The few studies that
have looked at U toxicity to organisms such as fathead minnows (P. promelas), green hydra, Chlorella
sp. and H. azteca (Tarzwell and Henderson, 1960; Riethmuller et al., 2001; Charles 2002) have all
shown that increasing water hardness, decreases U toxicity. Borgmann et al. (2005) found that when H.
azteca were exposed for 1-week to waterborne U concentrations, U toxicity to H. azteca was greater in
soft water (hardness 18 mg CaCO;/L; alkalinity 14 mg CaCOs/L; pH 7.8) than in hard water (water
hardness 124 mg CaCOs/L, alkalinity 84 mg CaCOs/L, pH 8.3). There was a 30-fold difference
between the 7 day-LC50 for U in soft water (0.02 mg U/L measured) versus hard water (1.65 mg U/L;
nominal; Borgmann et al., 2005). The same was true in this study where U was more toxic to H. azteca
in soft than hard water (Table 2.5). There was an approximate 46-fold difference between hard water
(SAM(1)) and soft water (10SAM(1)). These differences are largely driven by the presence of more
free uranyl ion (less complexation) at low pH as stated above; inhibition of U uptake by hydrogen ions
was not sufficient to fully overcome the effect of pH on U speciation (Table 2.5) and no inhibition of
uptake by Ca ions could be detected after accounting for the effects of Ca on U speciation.

In this study, U toxicity expressed on a water basis was more variable than U toxicity
expressed on either a sediment or body burden basis (Table 2.5). For instance, the chronic toxicity of U
varied over 46-fold when expressed on a water basis versus 2.1 fold when expressed as a body burden.
The same conclusion was reached in studies with sediments spiked with Cd, Ni, Pb, and T1 (Borgmann

et al., 1991, Borgmann et al., 1998; Borgmann and Norwood, 1999a; Borgmann et al., 2001b), in which
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chronic toxicity of these metals was more constant when toxicity was expressed as a function of the
metal bioaccumulated rather than water or sediment metal concentrations. For example, the chronic
toxicity of Cd to H. azteca in dechlorinated tap water originating from Lake Ontario with and without
the addition of complexing agents (humic acid and EDTA) or sediments varied by 36-fold when
expressed as Cd measured in the overlying water, but only 2.6 fold when expressed as Cd measured in
the body (Borgmann et al., 1991).

The importance of pH-dependent uranyl ion complexation in mediating U toxicity is reinforced
when U toxicity is expressed on a free uranyl ion water basis at constant pH (Table 2.5). There was
over a 3000-fold difference in U toxicity between overlying waters with low pH (10SAM (1))
compared to high pH (SAM(1)). However, the protective effect of Ca on the toxicity of total dissolved
U at nearly constant high pH (MSSAM vs SAM) was not reflected in the toxicity on both a free uranyl
ion and dissolved ion basis (Fig. 2.5a and 2.5b). Thus, the modest ameliorating effect of Ca on U
toxicity appears to be due primarily to its effect on aqueous speciation, rather than the direct inhibition
of U toxicity.

Unlike studies with Zn (Borgmann and Norwood, 1997b) and Pb (Borgmann and Norwood,
1999a) spiked sediments, U caused a reduction in growth (Table 2.5). This finding is similar to a
previous study on H. azteca exposed to Cu-spiked sediment where growth was a sensitive indicator of
metal toxicity (Borgmann and Norwood, 1997b).

Given that body concentrations are a good indicator of U toxicity to H. azteca, Eq. (2.12) can
be used to predict the LC50 in water. When the predicted water LC50s estimates were compared to the
observed LC50s using the trimmed Spearman-Kaber method, the predicted values were within a factor
of 1.6 from the observed values (Table 2.5, Fig. 2.5a). This suggests that a saturation model can be used
successfully to predict water LC50s, both in the lab (as done here) and in the field (if the effect of
dissolved organic matter, if elevated, on speciation can be estimated).

Currently, sediment quality guidelines do not take overlaying water chemistry into account.
This can be a problem for some metals, such as Cd (Nowierski et al. 2005) and, as shown in this study,
for U. The current Canadian interim sediment quality guidelines (ISQGs) are not based on cause-and-
effect relationships, but are derived from correlations between observed effects (i.e. decrease in benthic
community) and sediment concentrations (CCME, 1999). An ISQG exceedance indicates that there is
an increased likelihood that sediment toxicity is occurring, although this toxicity might not be caused
by the metal for which the guideline is exceeded. Sediments are often contaminated by more than one
metal and metal concentrations often correlate with one another (Borgmann, 2003). In addition, if the
sediment has a strong binding affinity towards a metal, then a high total metal concentration in the

sediment may be nontoxic to aquatic biota. On the other hand, sediments with a low binding capacity
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for metals may contain more bioavailable metal that may be toxic (Borgmann and Norwood, 1999a).
This makes the prediction of effects difficult.

In this study we attempted to develop a true-cause effect SQG relationship given that (a) U
concentration in H. azteca is a reliable indicator of U toxicity and bioavailability and that (b) Egs. (2.1)
and Eq. (2.5) for this study are both a function of the same U water concentration, C,,. In order to
develop this model the predicted LC50,, was first calculated using Eq. (2.12). Given that the geometric
mean of max = 73 nmol/g (Table 2.2) and LBC50-Cgkg = 43 nmol/g (Table 2.5), Eq. (2.12) was
simplified to

LC50y, = Ko 5w 1.28 (2.15)

Secondly, since, Egs. (2.1) and (2.5) are both a function of the same C,, the predicted LC5044
was determined by substituting C,, in Eq.(2.5) with LC50, in Eq. (2.15) to give:

(K, 1.28
LSO, = (K, 128)+ DX Kos 128 (o (2.16)

_+_
K045 + (KO.SW 128)

When Egs. (2.15) and (2.16) were tested, both the predicted LC50,, and the predicted LC50,4 had
similar values to those estimated using the trimmed Spearman-Karber method. The predicted values
were within a factor of 2.1 of the observed values (Table 2.5, Fig. 2.5b). Thus a successful LC50
sediment model was generated in this study by comparing bioaccumulation of the metal in the tissue
and in the overlying water with total metal concentration in the sediment. However, the ability of the
current model to predict the bioavailability of U in field-collected sediments still needs to be
determined, since there may be different pH/Ca relationships between U in overlying water and U in
sediment in the field if the U is in a different form.

It appears from this study that saturation models can be successfully used to explain U

desorption from the sediment to the water and U uptake by H. azfeca and the resultant toxicity.

2.5 Conclusion

Overlying water chemistry (especially pH) affects U speciation in water, desorption of U from
sediment, and U bioaccumulation by H. azteca. The influence of Ca on U uptake is negligible, except
for its effect on U speciation in the overlying water. Uranium bioaccumulation was due primarily to the
dissolved phase rather than the sediment solid phase. Uranium bioaccumulation in H. azteca, as well as

water-sediment partitioning, can be satisfactorily explained using BLM type saturation models.
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Uranium bioaccumulation in H. azteca was a better indicator of U toxicity than U concentrations in
water and sediment. Growth and survival were both sensitive indicators of U toxicity for H. azteca

exposed to U-spiked sediments.
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Cage

1L Imhoff settling cone

1000 mL Water

3cmdiameter

, 5 mL of sediment
1cmdeep —

# 4 Silicone rubber stopper

Fig. 2.1. Imhoff cone and cage experiment set-up.
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Fig. 2.2. U body concentration in H. azteca versus overlying water concentration. Lines represent the
fitted saturation model Crg= maxC,/(Kqs+ Cy) + Cpks. Since the line for SAM overlapped MSSAM,

it was omitted for clarity.
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Fig. 2.3. U body concentration in juvenile (4 weeks exposure) versus caged adult H. azteca (1 week

exposure) in the overlying water (a) SAM (2) and (b)10SAM(2).
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represents the predicted Kos=a + b(H")".
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Fig. 2.5. LC50 free U ions versus H' (a), and LC50 dissolved U in water versus H' (b). Same legend as
Fig. 2.4, with open symbols (b) representing predicted LC50 values using Eq. (2.14) and the fitted a

and b estimates from the bioaccumulation model.
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APPENDIX

Quality Assurance and Quality Control (QA/QC)

All U chemical analyses in terms of U concentrations in sediment, water and H. azfeca were
done by the National Laboratory for Environmental Testing (NLET) using inductively coupled plasma-
mass spectrometry (ICP-MS, NLET, 2007). Quality assurance and quality control procedures were
carried out by NLET, such as standard verifications to monitor sensitivity drift of the machine, control
standards to confirm accuracy of the calibration curve, and reference materials to monitor accuracy and
precision. A high-purity standard for U (High-Purity Standards, Charleston, South Carolina, USA) and
an Environment Canada (National Laboratory for Environmental Testing at the National Water
Research Institute, Environment Canada, Burlington, ON, Canada) certified trace elements drinking
water standard (TM-DWS) were included with the sediment, water and H. azfeca samples in order
validate the ICP-MS calibration curve for U. The average percent recovery for the high-purity standard
(n=3) and Environment Canada standard (n=6) from the true value was 97.4 and 99.8%, respectively.
Method blanks were collected and processed at the same time as water and sediment and tissue digests
were collected and processed, using the same containers, digestion or preservation techniques. Method
blanks were measured, with U concentrations measured in the sediment, water and H. azfeca being
background corrected by subtracting by the blank measured value. This blank correction accounted for
any potential U contamination that may have been present during the collection and processing of the
samples. For the majority of the blank samples, U concentrations were below the ICP-MS detection
level of 0.0005 pg/L.

Blanks and appropriate standard reference materials for the major ions (Ca, Mg, Na and K),
DIC/DOC, and the anions, SO, and Cl measurements were analysed by NLET in accordance with their
quality assurance and quality control procedures. Dissolved organic and inorganic carbon samples were
measured on a UV-persulfate TOC analyzer (Pheniox 8000™). The major ions Ca, Mg, Na, and K were
measured on an atom absorption spectrophotometer, while the anions, Cl and SO, were measured using
ion chromatography.

pH measurements were measured using the Ross® Sure-Flow electrode (Thermo Scientific
Inc., USA) with a filling solution of 3M KCI. A three buffer calibration of pH 4, pH, 7 and pH 10
(Canadawide Scientific LTD., Ottawa, Ontario, Canada) were used to calibrate the electrode. The

buffers were at the same temperature as the samples when the electrode was calibrated.
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Trimmed Spearman-Karber Method

The trimmed Spearman-Karber method (Hamilton et al., 1977) is able to estimate the LC50 and
LBC50 from weighted averages of midpoints between concentrations on a logarithmic scale. The
applied weight to each midpoint is the change in proportion of effect (i.e. mortality) between two
concentrations. This method requires that the data be symmetrical, monotonic and includes both 0 and
100% effects (i.e. mortality). Trimming is used to try and correct for non-symmetry in the distribution

curve (EC, 2005)..

EC (Environment Canada)., 2005. Guidance document on statistical methods for environmental toxicity
tests. Method Development and Applications Section, Environmental Technology Centre, Environment

Canada, Ottawa, Ontario, pp. 241.
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Table 2.A1 Relative ion concentrations of a 5-salt Standard Artificial Medium
used to make up the different overlying water chemistries in chapter two

Experiment Ca & Mg Na & K HCO;
SAM? 1x 1x 1x
MHSAMP 01x 1x 0.1x
50SAM 0.5x 0.5x 0.5x
MSSAM 0.1x 1x 1x
10SAM 0.1x 0.1x 0.1x
#1x= 1 mM CaCly; 1mM NaHCOs; 0.25 mM MgSOQy,; 50 uM KCI; 10 pM
NaBr

®Contains 0.9 mM of NaCl

Table 2.A2 Overlying water chemistry measurements for the major ions, Cl, SO,, DOC, DIC and alkalinity

Maijor ions
Ca Mg Na K Cl SO, DOC DIC Alkalinity
(mM) (mM) (mM) (mM) (mM) (mM) (mgl/L) (mg/L) mM

10SAM (2) 0.12(0.016)  0.031 (0.0030) 0.24 (0.022) 0.016 (0.010) 0.23 (0.023) 0.11(0.032) 2.3 (1.8) 2.7(1.3) 0.23 (0.11)
MSSAM 0.12(0.013) 0.031 (0.0025) 1.3 (0.18) 0.073 (0.015) 0.33 (0.051) 0.12(0.02) 2.9 (2.1) 13 (1.9) 1.1 (0.16)
SAM (2) 1.0 (0.052)  0.27 (0.011) 1.1(0.057)  0.063 (0.010) 2.1 (0.09) 0.36 (0.02) 2.3(1.4) 10 (1.1) 0.84 (0.10)
The overlying waters for the SAM (1), MHSAM, 50SAM and 10SAM(1) treatments were collected, but not measured for the major ions, Cl,

SO,, DOC, DIC and alkalinity.

For the 10SAM(2), MSSAM and SAM(2) treatments water samples were only submitted for samples that approximated

the trimmed Spearman-Karber 4-week LC25 and LC50s estimates for the water. In other words, the sediments with the nominal concentrations

of 2530 and 4430 nmol/g dw for both the 10 SAM and MSSAM treatments, and 7910 and 14 200 nmol/g dw for the SAM treatment.

n=4 with the 95% confidence interval in parentheses

—_—

Table 2.A3 The model input concentrations used to determine U speciation in Table 2.2

10SAM (1) 10SAM(2) MHSAM 50SAM MSSAM SAM (1) SAM (2)

pH 6.9 7.2 7.2 7.6 8.0 7.9 8.0
Alkalinity (mM) 0.10 0.2 0.1 0.5 1.0 1.0 1.0
Ca (mM) 0.10 0.1 1.0 0.5 0.10 1.0 1.0
Mg (mM) 0.025 0.025 0.25 0.13 0.025 0.25 0.25
Na (mM) 0.10 0.20 1.0 0.51 1.0 1.0 1.0
K (mM) 0.0050 0.0050 0.050 0.025 0.050 0.050 0.050
Cl (mM) 0.21 0.21 3.0 1.0 0.25 2.1 2.1
S04 (MM) 0.025 0.025 0.25 0.13 0.025 0.25 0.25
Br (mM) 0.0010 0.0010 0.0010 0.0050 0.0010 0.010 0.010
Uo,™ (uM) 1.0 1.0 1.0 1.0 1.0 1.0 1.0

The input values were based on the nominal concentrations used to make-up the different artifical overlying waters in Table 2.A1,
with the exception of the pH values in which the measured values were used.
These nominals concentrations were within range of the measured values (Table 2.A2).
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Table 2.A4 The thermodynamic (Log K) constants used for the U speciation estimates in Table 2.2

Ligand Complex Log K Source
OH CaOH"* 1.30 NIST 46
OH KOH 0.214 NIST 46
OH MgOH"* 2.60 NIST 46
OH NaOH 0.100 NIST 46
OH UO,OH" 8.75 NIST 46
OH UO,(OH), 15.8 NIST 46
OH UO,(OH)5 21.7 NIST 46
OH UO,(OH),™ 23.6 NIST 46
CO; CaCO; 3.20 NIST 46
CO; MgCO; 2.92 NIST 46
CO; NaCOs 1.27 NIST 46
COs; UO,CO;4 9.94 Guillaumont et al. (2003)
CO; UO,(CO3),? 16.6 Guillaumont et al. (2003)
CO; UO,(CO3)5™ 21.8 Guillaumont et al. (2003)
CaCOs; Ca,U0,(CO3);3 30.7 Dong and Brooks (2006)
CaCOQO; CaUO0,(CO3);3 27.2 Dong and Brooks (2006)
HCO; CaHCO3" 1.27 NIST 46
HCO; MgHCO3" 1.01 NIST 46
HCO; NaHCO; -0.25 NIST 46
MgCO; MgUO,(COs3)3 26.1 Dong and Brooks (2006)
SO, CaSO0, 2.36 NIST 46
SO, HSO, 1.99 NIST 46
SO, KSO, 0.85 NIST 46
SO, MgSO, 2.26 NIST 46
SO, NaSO, 0.73 NIST 46
SO, UO,SO, 3.15 Guillaumont et al. (2003)
SO, UO,(S0,),? 4.14 Guillaumont et al. (2003)
SO, UO,(S04)5™* 3.02 Guillaumont et al. (2003)
Cl CaCl’ 0.629 NIST 46
Cl KCI -0.500 NIST 46
Cl MgClI" 0.600 NIST 46
Cl NaCl -0.500 NIST 46
Cl uo.CI 0.170 Guillaumont et al. (2003)
Cl UO,Cl, -1.10 Guillaumont et al. (2003)

lonic strength corrections were performed using the Davies equation (Serkiz, S.M., Allison, J.D.,
Perdue, E.M., Allen, H.E., Brown, D.S., 1996. Correcting errors in the thermodynamic database for
the equilibrium speciation model MINTEQAZ2. Water Research 30, 1930-1933.)

Total UO,™" concentration was 1.0 uM
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The difference between the model used to estimate U speciation in Table 2.2 and the MINTEQ A2
version 4.03 (U.S. EPA, Athens, Georgia, USA) is that MINTEQ A2 version 4.03 does not include the
updated stability constants for:

UO0,CO;

UO,(CO3),™

U0,(CO5)5™

Ca,U0,(COs)3

CalUO,(COs)3

MgUO,(CO3);

UO,S0;4

U0,(S0,),™

U0,(S0,);™

UO,CI"

UO,Cl,
which have become important in the prediction of U speciation (Dong and Brooks, 2006; Guillaumont

et al., 2003).
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CHAPTER 3

KINETICS OF URANIUM UPTAKE IN SOFT WATER AND THE EFFECT OF BODY
SIZE, BIOACCUMULATION AND TOXICITY TO Hyalella azteca

This chapter is published as: L.C. Alves, U. Borgmann, D.G. Dixon. 2009. Kinetics of uranium uptake
in soft water and the effect of body size, bioaccumulation and toxicity to Hyalella azteca,
Environmental Pollution 157, 2239-2247. Reprinted with permission, license number 2202630314169
from Elsevier, © Copyright Elsevier Ltd, Globe Rights Department, Elsevier Ltd., Oxford, UK. E-mail:

permissions@elsevier.com.
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Abstract

The kinetics of uptake and the effect of body size on uranium (U) bioaccumulation and toxicity
to Hyalella azteca exposed to water-only U concentrations in soft water were evaluated. The effect of
body size on U bioaccumulation was significant with a slope of —0.35 between log body concentration
and log body mass. A saturation kinetic model was satisfactory to describe the uptake rate, elimination
rate and the effect of gut-clearance on size-corrected U bioaccumulation in H. azfeca. The one-week
lethal water concentrations causing 50% mortality for juvenile and adult H. azteca were 1100 and 4000
nmol U/L, respectively. The one-week lethal body concentration causing 50% mortality was 140 nmol
U/g for juvenile H. azteca and 220 nmol U/g for adult H. azteca. One-week bioaccumulation studies
that properly account for body-size and gut-clearance times can provide valuable data on U

bioavailability and toxicity in the environment.

Keywords: Kinetics; uranium; Hyalella azteca; body size; toxicity

Capsule: Uranium accumulation by H. azteca approaches steady-state after one week but is strongly

dependent on body size.

3.0 Introduction

In Canada uranium (U) concentrations in waters surrounding lakes near active and
decommissioned U mines have been reported to range from 4.2-4200 nmol U/L (EC/HC, 2004; Clulow
et al., 1998; OMOE, 2003). Mean U concentrations of 105 nmol U/g have been reported in the tissues
of Hyalella azteca exposed to waterborne U concentrations near U mining operations (Robertson and
Liber, 2007). Measurable U concentrations of 8-34 nmol U/g were also detected in composite samples
of aquatic macroinvetrebrates collected near a U tailings site in Utah (Peterson et al., 2002).

Currently there are no national environmental quality guidelines for U to aid managers in the
protection of aquatic life in Canada. The drinking water quality guideline of 0.02 mg/L (84 nmol/L) is
the only comparable national guideline with the purpose of protecting the health of Canadians (HC,
2008). Ontario is the only province in Canada with a provincial interim water quality objective for U
(0.005 mg/L, or 21 nmol/L) with the sole intention of protecting aquatic life 100% of the time (MOEE,
1994). However, caution needs to be used when applying this objective because it was set as an
emergency value derived using the best, but limited, U toxicity studies with aquatic organisms, and was
not subjected to a peer review (MOEE, 1994). This is unfortunate given that Canada, especially the
province of Saskatchewan, is home to some of the largest U operation facilities and deposits in the

world.
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The freshwater amphipod H. azteca is a sensitive species commonly used in laboratory and
field studies to evaluate metal toxicity (EC, 1997). Several authors (e.g. Borgmann et al., 1991;
Norwood et al., 2006; Alves et al., 2008) have shown that non-essential metal concentrations in H.
azteca provide a better prediction of metal toxicity to this invertebrate than metal concentrations in
water and sediment because the physicochemical factors affecting metal bioavailability from the
environment are taken into account (Borgmann and Norwood, 1995a).

Alves et al. (2008) found that U concentrations in H. azteca were more reliable indicators of
toxicity than waterborne and sediment concentrations. Nevertheless, the influences of biological factors
such as body size, which can affect metal concentrations in an animal (Langston and Spence, 1995),
were not considered in that study. Studies with other animals and metals (e.g., Boyden, 1974, 1977,
Strong and Luoma, 1981; Mubiana et al., 2006) have all shown a correlation of body size with metal
concentrations in animals. Thus, the relationship between body size and U body concentration needs to
be established if H. azteca is to be considered as a potential indicator species for U contamination in the
environment.

The relationship between chronic U accumulation and toxicity of H. azteca exposed to U-
spiked sediments has been determined (Alves et al., 2008). However, the exposure period needed for
whole body U concentrations in H. azteca to reach steady state with the exposure media is currently
unknown. Uptake studies with Cu, Zn and Pb (Borgmann and Norwood, 1995b; MacLean et al., 1996)
have all shown that the steady-state between water and the tissue is reached in less than one week,
making one-week accumulation studies feasible to predict long-term toxicity (Borgmann and Norwood,
1995b). If the kinetics of U are similar to the above metals, then short-term studies may be employed to
quantify, evaluate, interpret and manage the potential impacts of U facilities and tailings to aquatic life
in Canadian freshwaters.

The objectives of this study were: (1) to investigate the effect of body size on U accumulation
in H. azteca exposed to waterborne U concentrations; (2) to evaluate U toxicity and bioaccumulation of
juvenile and adult H. azteca exposed to water-only U concentrations for one week; (3) to determine if
the kinetics of U for H. azteca exposed to waterborne concentrations for seven days versus 28 days is
similar and can be explained using a saturation kinetic model; (4), to consider the effect of gut-
clearance on metal accumulation, given that failure to gut-clear animals may overestimate the lethal
body concentration causing toxicity (Neumann et al., 1999; Bartlett et al., 2004). All of these
experiments were conducted in an artificial soft water medium similar to waters common to the

Canadian Shield where the majority of U facilities and tailings are located.
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3.1 Theory

3.1.0 Metal Bioaccumulation Model

The kinetics of U accumulation were modelled using

C —
C —_umax w (I-e (ke+g)t )(I — loss x gutclear) + C (3.1a)
B (k,+g) (K, 5+C)) bkg

where Crz (nmol/g) is the concentration of U in H. azteca as a function of time (¢), Cy (nmol/L) is U
concentration in water, and Cp, is the background U concentration in the amphipods. When Cy<<Kj
this is a first order one-compartment kinetic model similar to the ones that have often been used to
describe bioaccumulation and elimination of metals via the water by various organisms (e.g., Xu and
Pascoe, 1993; Borgmann and Norwood, 1995b; Lim et al., 1998). The rate of metal uptake (k, x Cy) is
the product of the uptake rate constant (k,, L/g/day) and the concentration of U in water. In Eq. (3.1a)
Vima/Ko 5 18 equal to k, at low Cy, while k, equals V,,,../Cw as Cy approaches infinity. K5, the (time-
independent) half saturation constant, is the concentration of Cy at which the metal uptake rate equals
Vima/2 (Norwood et al., 2006). The rate of loss of U from amphipod tissues is the sum of the U
excretion rate (k., per day) and growth dilution, described by the growth rate (g, per day).

At any given time when ¢ is constant, Eq. (3.1a) can be simplified to

C
= %(1 —loss x gutclear) + C (3.1b)
+C,

where max = (Vo (ko + 2)) (1— €~ %™ | This is Eq. (1) of Norwood et al. (2006) and Alves et al.
(2008) and Eq. (2) of the Borgmann et al. (2004) study. At steady state (r=coor large t, ¢ **®" ~ 0), and

max becomes V../(k. + g). Such a mechanistically based saturation model has been shown to describe
the uptake of many metals well at steady-state, including U (Borgmann et al., 2004; Norwood et al.,
2006; Alves et al., 2008). In Eq. (3.1a) gutclear is a dummy variable set equal to either 1 or 0: 1 for
animals that have undergone a 24 h gut-clearance before digestion and 0 for non-gut-cleared animals.
Loss is the fraction of U lost in 24 h due to gut-clearance (Norwood et al., 2006). Therefore (1 - lossx
gutclear) = 1 for non-gut-cleared animals and (1 — /oss) for gut-cleared amphipods. Inclusion of the (1
- lossx gutclear) term allows for the pooling of data from gut-cleared and non-gut-cleared amphipods

into a single regression.
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3.1.1 Mortality model

Given that the relationship between water and body concentration in this study followed a
saturation curve, mortality in H. azteca was determined using the saturation model, similar to Eq. (3.1b)
at steady-state and described in Borgmann et al., (2004):

maxx C

m=m +[(I<TC)]” (3 2)

where m is the instantaneous mortality rate (per week) computed by regressing In(number of surviving
animals) against time in weeks (Borgmann et al., 1998; Borgmann et al., 2004); m’ is the mortality rate
(per week) in control animals; max is a maximum analogous to the maximum for accumulation of the
metal from the water by the organism; C is U in water (Cy) or the background-corrected total body
concentration of U in the animal (Crgy); K is a half saturation constant analogous to K, 5 in Eq. (3.1a), n
is a constant based on water (#,,) or background-corrected total metal body concentration (7).

The max term in Eq. (3.2) can be replaced with the LC50 (lethal water concentration causing
50% mortality) or the LBC50 (lethal body concentration causing 50% mortality) to give (Borgmann et
al., 2004):

In2), "L B1C50+Il{)
_ @) LB I (3.3)
t C
I+
K

where t is the exposure time (in weeks) for any given LC50 or LBC50. K is equal to Ky for mortality
based on U in water (LC50) or K7y for mortality based on U in H. azteca (LBC50). The same model
was used to calculate the LC25, LBC25, LC10 and LBC10, by adjusting survival to correspond with
25% and 10% mortality for the L(B)C25 or L(B)C10 as follows:

In(4/3 C(L B1C2 +Il()
—m'+ n( )[ (B)C25 I (3.4)
t C
1+
K
In(10/9 C(L B1C10+II()
ey 1000/9) T LB) | 63
t C
I+
K

Egs. (3.2)-(3.5) are mathematically equivalent expressions, but allow computation of different L(B)C

values.
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3.2 Materials and Methods
3.2.0 Culturing

Hyalella azteca were cultured in dechlorinated Burlington City tap water from Lake Ontario as
described by Borgmann et al. (1989). Water quality analyses as measured by the National Laboratory
for Environmental Testing (NLET, 2007), Environment Canada, from January 2006 to January 2008
were (n=36, mean £ 95% CI in mg/L): dissolved organic carbon = 0.8 £ 0.1; dissolved inorganic carbon
=18%0.5;C1=29+£33;S0,=37+£1.6;Ca=36%0.5,Mg=8.6+0.2; Na=15+£0.8; K=2.9+0.8,
alkalinity (as CaCQOs;) = 76 % 2.1; hardness (as CaCO;) = 120 = 1.1), pH 7.9-8.2. Culture water was
renewed weekly with the young being separated from the adults in order to maintain a continuous
supply of amphipods of known age. Animals were held in a walk-in incubator at 25 + 1°C with a 16 h
light: 8 h dark photoperiod. H. azteca in all experiments were acclimated to their experimental water

medium for one week (7 days) prior to their use in the experiments.

3.2.1 Water chemistry and U water concentrations

All experiments were conducted in a 5-salt standard artificial medium (SAM: 1 mM CaCly; 1
mM NaHCO3; 0.25 mM MgSO,; 50 uM KCI; 10 uM NaBr) diluted to 10% (10SAM) with Nanopure®
water (Barnstead International, lowa, USA). The 10SAM medium was then spiked with uranyl nitrate
trihydrate (UO,(NOs),#3H,0, International Bio-Analytical Industries, Inc.) to achieve nominal U
concentrations of 0, 10, 18, 32, 40, 56, 100, 180, 250, 320, 560, 1000, 1800 nmol U/L for selected

experiments.

3.2.2 Body size experimental set-up

A one-week (7 day) static, replicated, water renewal U-body size experiment was conducted in
5L of 10SAM in 7.5 L polycarbonate aquaria with 0, 100, and 250 nmol U/L. Each replicated aquarium
contained approximately 365 acclimated H. azteca of varying size (0.01-0.10 mg dry weight), with the
initial age of 1-22 weeks at the start of the experiment. Two 5 x 5 cm pieces of cotton gauze presoaked
in distilled water were added to each container. The cotton gauze was used as a substrate for the H.
azteca. Amphipods were fed ground TetraMin® fish flakes (Tetra Holding Inc, VA, USA, but made in
Germany) at a rate of 5 mg three times per week.

The water exposure media were changed every two days in order to maintain constant U
concentrations in the water and decrease the potential of U loss due to adsorption onto the walls of the
test chambers (e.g., Borgmann et al., 1991; MacLean et al., 1996). In this experiment and throughout,
10 mL water samples were collected before and after water renewal and filtered with 0.4 pm

(Nucleopore® (PC) Polycarbonate, Whatman) filter attached to a syringe for subsequent analysis of
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dissolved U. These filtered water samples were preserved by acidifying to 1% HNO; (high purity acid,
omniTrace®, E.M. Science). Five milliliters unfiltered water samples were also collected before and
after the water renewal for ammonia, conductivity, dissolved oxygen, and pH measurements. During
every water renewal period, and after the addition of U to the water, test chambers were allowed to
equilibrate for 3 h prior to the addition of animals and removal of water samples.

At the end of the seven day exposure period animals were sorted with half the amphipods being
placed in 120 mL plastic specimen containers with 50 pM EDTA and 5 mg TetraMin® food for 24 h to
clear their guts and remove any loosely-bound U from the surface of the animals. EDTA has been
shown to complex U (Bhat and Krishnamaurthy, 1964) and remove U bound to the outside of the
freshwater algal Chlorella (Franklin et al., 2000). EDTA has also been used in other studies (e.g.,
Borgmann and Norwood, 1995a; Neumann et al., 1999; Norwood et al., 2006) with H. azteca to
complex other loosely bound metals (e.g. Cd, Cr, Co, Cu, Mn, Pb, and Zn) during gut-clearance to
prevent re-absorption. The 0 and 24 h gut-cleared amphipods were each wet weighted as a group and
then dried for 48 h in a 60°C oven to a constant weight. Animals of similar dry weights were pooled
together prior to digestion. In some cases as many as 24 animals were grouped together for amphipods
ranging in size from 0.01 to 0.05 mg dry weight and groups of two animals for amphipods between the
sizes of 0.8-1 mg dry weight. Animals were digested using a modified procedure based on Stephenson
and Mackie (1988), whereby 120 pL of 70% HNO; was added to each container and allowed to sit at
room temperature for one week. This was followed by the addition of 100 uL of 30% H,O, for 24 h.

Each sample was then made up to a final volume of 5 mL with Nanopure® water.

3.2.3 Acute toxicity and bioaccumulation experiment

A one-week (7 day) static, replicated, water renewal concentration series test was conducted in
400 mL of 10SAM spiked with the nominal U concentrations of 0, 56, 100, 180, 320, 560, 1000, 1800
nmol/L in 500 mL polyethylene containers. Tests were initiated with 20 1-2-week juveniles and 15 4-6-
week caged adult H. azteca. Cages were made out of 120 mL specimen cups with their bottoms cut out
and replaced with a 200 pm mesh. Cages where placed in the overlying water and held in place with a
clothes pin. The purpose of the caged adults was to have enough tissue and animals to determine if a
bioaccumulation curve similar to Alves et al. (2008) could be reproduced.

A pre-soaked 5 x 5 cm piece of cotton gauze was added to each container and cage.
Approximately 2.5 mg and 5 mg of ground TetraMin® fish food flakes were added to each container
and cage, respectively, every second day. Water was also renewed every second day. On day seven,
surviving amphipods were sorted and counted and placed into 120 mL specimen containers containing

50 uM EDTA and 5 mg of TetraMin® food for 24 h to clear their guts. Twenty-four hour gut-cleared
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amphipods were wet weighted and dried for 48 h in a 60°C oven. Groups of 5-6 dried amphipods were

digested using the procedures described above.

3.2.4 Kinetic experimental set-up
3.2.4.0 Acute uptake and depuration time series

A one-week (7 day) static, replicated, water renewal U uptake experiment initiated with 4-6-
week old acclimated H. azteca, and followed by a two-week (14 day) depuration period, was conducted
in 1 L of 10SAM with and without U in a 2 L polyethylene container. Nominal U water concentrations
of 0, 40, 100 and 250 nmol/L were used in the uptake experiment. For the depuration exposure period
50 uM EDTA in 10SAM in the absence of waterborne U concentrations was used. On day seven,
animals were placed into 50 pM EDTA-10SAM solution. The use of EDTA in the depuration study
allowed for the complexion of any potential U depurated from the animal and the removal of any
strongly bound U from the surface of the animal. A 50 uM EDTA concentration was within the range
tolerated by H. azteca (Borgmann and Norwood, 1995a). Water was renewed every two days for the
uptake exposures and weekly for the depuration period.

Each container contained a 5 x 5 cm piece of cotton gauze with animals being fed 2.5 mg of
ground TetraMin® fish food three times per week.

Onday 0, 1, 2,4, 7, 8,9, 11, 14, and 21 six (6) animals were randomly sampled from each
individual container. The amphipods were weighed as a group to provide a mean wet weight per
container and then dried for 48 hours in a 60°C oven. The dried amphipods were digested as previously

described in the above body-size experiment.

3.2.4.1 Chronic uptake time series

A four week (28 day) static, replicated, water renewal experiment was conducted in 5 L of
10SAM, with or without U, in a 7.5 L polycarbonate aquarium. The 10SAM medium was spiked with
nominal U concentrations of 0, 10, 18, 32, and 56 nmol U/L. Forty-five, 4-6-week old acclimated H.
azteca and two 5 x 5 cm pieces of cotton gauze presoaked in distilled water were added to each
container. In this experiment water was renewed weekly.

Ground TetraMin® fish food flakes were added three times per week to each test container in
the following amounts: 10 mg in week 0; 7.5 mg in week 1; 5.0 mg in weeks 2, 3, and 4.

On day 0, 1, 2, 4, 7, 14, 21, and 28, twelve (12) animals were randomly sampled from each
individual container. Half of the amphipods were placed in 120 mL plastic specimen containers with 50
puM EDTA and 2.0 mg TetraMin® for 24 h to clear their guts. 24 h and 0 h gut-cleared amphipods were

weighed as a group to provide a mean wet weight per container and then dried for 48 hours in a 60°C
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oven. Groups of six dried amphipods (about 1-3 mg total dry mass) were digested according to the

above procedure described for the body size experiment.

3.2.5 Uranium analysis

Water and tissues were analyzed for U concentrations by NLET using inductively coupled

plasma-mass spectrometry (ICP-MS; NLET, 2007

3.2.6 Statistical and data analysis

Statistical, data and model analyses were conducted using SYSTAT version 10.0 (Chicago,
Illinois, USA) for Windows. All metal concentration data were logarithmically transformed, while the
mortality rates were fourth-root transformed, to normalize data and equalize variances before statistical
analysis. The log-log relationships between U in H. azteca and water were obtained using the NONLIN
(non-linear regression) module. The FUNPAR command was used for calculating the 95% Wald
confidence intervals. Curve fitting in the time series experiments was performed using the combined

acute and chronic data in order to provide the best-fit estimate of the overall relationship.

3.3 Results
3.3.0 Water quality

Water quality parameters remained consistent between all experiments and containers. pH
ranged between 6.7 and 7.2 (Table 3.1), while ammonia levels were below 0.06 mM. Conductivity
measurements ranged between 37-59 uS/cm, whereas dissolved oxygen was between 7.1-9.4 mg/L. U
water concentrations for the body size study averaged 95% of the target nominal U water
concentrations (Table 3.1). For the concentration series (bioaccumulation and toxicity) experiment, U
water concentrations were on average 62% of the target nominal U water concentrations, while
approximately 64% and 54% of the target nominal U water concentrations were achieved in the acute
and chronic time series, respectively (Table 3.1). The low U water concentrations for some of the
treatments were probably due to the combination of U adsorption onto the test chamber walls, cotton

gauze, food and/or uptake by the H. azteca.

3.3.1 Body size effect

Whole-body U concentrations in both non-gut-cleared and 24 h gut-cleared H. azteca were
higher in smaller animals than larger animals when exposed to either 100 or 250 nmol/L water-only U
concentrations (Fig. 3.1). The relationship between body concentration and body mass for the pooled

data can be described using the log regression relationship of the power funtion:
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Crs = a (B,) (1-lossx gutclear) (3.6)

where Crp is the total U body concentration in the animal, a is a constant, B,, is the body weight and b is
the overall slope of the relationship (Rainbow and Moore, 1986). The (1-loss x gutclear) term is
equivalent to the term in Eq. (3.1a) and therefore permits the pooling of the gut-cleared and non-gut-
cleared animals. The total loss of the metal eliminated in 24 h by gut-cleared as compared to non-gut-
cleared animals was 72% (i.e., loss = 0.72, gutclear = 0 or 1 in Eq. (3.6).

The overall slope (b, Eq. 3.6) of the relationship was negative, indicating that the U-body
concentration decreases with increasing body weight of the animals. This relationship was significant
(ANCOVA, P <0.05) for the pooled data (Fig. 3.1) with an R’ of 0.85 and a slope (b; 95% confidence
interval) of -0.35 (-0.44 to -0.26). The relationship between U-body concentration and body mass using
only the 24 h gut-cleared animals was also significant (ANCOVA, P <0.05) with the b coefficient
estimate of -0.35 (-0.45 to -0.25). This relationship was also significant when using only the non-gut-
cleared animals, giving a b estimate of -0.35 (-0.51 to -0.18). Therefore, in order to increase the power
of the model the gut-cleared and non-gut-cleared animals were pooled using the (1-loss x gutclear)
term.

The slope was not significantly different for H. azteca exposed to 100 versus 250 nmol U/L
waterborne U (ANCOVA, P = 0.83). The estimated value of a for H. azteca exposed to the 100 and 250
nmol U/L treatment was 160 (130-190) and 350 (290-420), respectively. Overall this study suggests
that H. azteca body size needs to be taken into account before one can properly explain U

bioaccumulation.

3.3.2 One-week bioaccumulation

Given that there was a body size effect on U bioaccumulation, body size was standardized to
0.22 mg dry weight for the concentration series and time series experiments. This was the geometric
mean for body dry weight when all the animals from all experiments except the body size experiment
were pooled.

Size-standardized U bioaccumulation was explained using the bioaccumulation saturation
model, Eq. (3.1b) (Fig. 3.2; Table 3.2). However, due to high variability in the adult bioaccumulation
data R was only 0.53 (Fig. 3.2).

The size-standardized adult and juvenile bioaccumulation data, when plotted on the same
graph, overlapped completely (Fig. 3.2). This suggests that the juveniles may have a similar uptake

curve to the adults. Given that there were no surviving juveniles at nominal U concentrations > 320
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nmol U/L in the water (Fig. 3.2), and hence no tissue to measure U accumulation in the animals, and
that the juveniles follow a similar uptake, the adult K, 5 of 560 (Table 3.2) was fixed in the juvenile
bioaccumulation saturation model to estimate max. This relationship produced an R’=0.92 and a max of
210 nmol/g. The predicted max for the young H. azteca (210 nmol/g) is 12.5% lower than the
computed max of 240 nmol/g for the adult H. azteca (Table 3.2), since the mean accumulation at lower

U concentrations in water was 12.5% lower in the young than the adult H. azfeca.

3.3.3 Kinetics
3.3.3.0 Acute study

The total loss of metal eliminated in 24 h for gut-cleared versus non-gut-cleared animals in one
week was 79%, similar to the 72% loss observed in the size experiment.

With the exception of the body size and depuration experiments, data from all one-week
exposure experiments with the corrected gut-cleared (i.e., by dividing body concentration by 1-loss x
gutclear) and non-gut-cleared adult H. azteca were pooled. Pooling the data not only increased the
intermediate water concentrations used in the different experiments, but provided an overall best model
fit to the data. Pooling these data was feasible because the H. azteca came from the same genetic stock
(i.e., culture), were approximately the same age in each experiment (i.e., 4-6 weeks old) and were all
exposed using the same water medium (i.e., 10SAM). For visual display purposes (Figs. 3.3-3.5), total
U concentration in the non-gut-cleared and corrected gut-cleared H. azteca was corrected further by
dividing by the term C,/(Kys + Cy). This correction factor accounted for the different U waterborne
concentrations to which these animals were exposed.

A growth constant of 0.023/day (Table 3.3) was calculated using the pooled data by regressing
In(dry weight) against time (day). The growth rate constant was fixed in Eq. (3.1a) when estimating
metal accumulation (V,max) and the elimination rate constant &, (Table 3.3).

The corrected U bioaccumulation for H. azteca exposed to water U concentrations of 10-1800
nmol/L from the pooled studies for one week showed a rapid accumulation within the first day,
followed by a more gradual increase in the remainder of the uptake phase (Fig. 3.3). Depuration was
fairly rapid within two weeks in the absence of U water concentrations (Fig. 3.4). The depuration curve
was estimated based on animals previously exposed to U waterborne concentrations of 40-250 nmol/L
in the acute uptake time series study. For the other experiment (i.e., chronic uptake time series) a true
depuration period of more than 24 h was not done. The value of &, based on the depuration experiment
was equal to 0.29 (0.25-0.33), with an R’=0.94 (Table 3.3; Fig. 3.3). Uptake was estimated to reach

86% of steady state in one week, based on this k..
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Given that the juvenile and adult H. azfeca fit the same bioaccumulation curve (Fig. 3.1; Eq.
3.1b) in the bioaccumulation toxicity experiment when K, s was set to 560 nmol/L, K, s was also set to
560 in the saturation kinetic model (Eq. 3.1). The estimate of k. = 0.29 was used to estimate V., and
in turn V,,../Kys, the value of k, at low Cy, in the acute and chronic study. The value of V., was

estimated to be 810 (650-1000) giving a V,,,.,/Kos of 1.4 (Table 3.3; Fig. 3.3).

3.3.3.1 Chronic study

The full 28 day bioaccumulation data set, pooled with the seven day data from the acute uptake
time series, was modelled in the same way as described above for data to day seven. The total loss of
metal in 24 h for gut-cleared versus non-gut-cleared animals in four weeks was 76%. The corrected
bioaccumulation of U in non-gut-cleared and corrected gut-cleared H. azteca pooled data demonstrated
a quick accumulation within the first four days (Fig. 3.5). The value of V... was estimated to be 880
(740-1100) with a V,,,,,/Kos of 1.6 when K 5 and k., were fixed to 560 and 0.29, respectively (Table 3.3;
Fig. 3.5). These values were similar to the V., and V,,./Kos of 810 and 1.4 estimated in the acute
study. Bioaccumulation reached 99.98% of steady state in the chronic study, based on the one
compartment model. However, a slow further increase in U accumulation after day 14, beyond that

predicted by the one-compartment model, is suggested by the data (Fig. 3.5).

3.3.4 Mortality

The mortality model based on the saturation model (Egs. 3.3-3.5) was used to estimate the
LC50, LC25, LC10 and LBC50, LBC25 and LBC10. The LC50 values, 1100 and 4000 nmol/L for
juveniles and adults, respectively (Table 3.4), differed more between young and adult than did the
LBC50 values (140 and 220 nmol/g, respectively, Table 3.5). The same was true for the LC25 and
LC10 values. The fit of the model for the adults was poor (R=0.61) when compared to the juveniles
(R’=0.92) when estimating the LC50 to LC10 values. The same was true for the LBC50-LBC10

estimates.

3.4 Discussion
3.4.0 Body size

Factors such as growth and body size can contribute to variability in total metal body
concentrations if not taken into account (Langston and Spence, 1995). In this study there was a
significant negative correlation between metal body concentration and body mass (Fig. 3.1). In Fig. 3.1
the relatively few data points for the body size <0.1 mg dw may be influencing the overall significance

of the slope. However when these data are removed, there is still a significant (P<0.05) negative
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correlation (-0.36) between metal body concentration and body mass. This suggests that the smaller
animals had a higher body concentration of U than the larger animals. The body size relationship
remains even after gut-clearance which results in a 72% loss of total metal. It may be that the majority
of the bound U is strongly adsorbed to the integument of the H. azfeca, since small animals have a
larger surface to volume ratio than large animals (Rainbow and Moore, 1986). Alternatively, U might
be absorbed internally and the abundance of uptake sites for U might be proportional to surface area. In
either case, this study indicates that, for U uptake by the freshwater amphipod H. azteca, researchers
need to standardize for body size before reporting U bioaccumulation parameters such as lethal body
concentrations (i.e., LBC50), especially for field experiments where different sized H. azteca are
present. For example, the importance of correcting for body size was evident in a study with the
freshwater (unionoid) bivalve Velesunio angasi exposed to waterborne U concentrations, whereby the
mean variability in valve movement responses was reduced by 81%, when size, age and/or gender were

taken into account (Markich, 2003).

3.4.1 Bioaccumulation

In this study a bioaccumulation saturation model, Eq. (3.1a), was used to predict U
bioaccumulation in size-standardized juvenile and adult H. azteca exposed to water-only U
concentrations for one week (Table 3.2; Fig. 3.2). These U bioaccumulation estimates (Table 3.2)
compared well with Alves et al. (2008) who used the same saturation model to predict U
bioaccumulation via the water in H. azteca exposed to U-spiked sediment for 28 days (Fig. 3.2). In fact,
the bioaccumulation saturation curve went through all the data points when the max (73 nmol/g) and
Ky 5 (106 nmol/L, the geometric mean for 10SAM treatments) estimated by Alves et al., (2008) were
used and compared to data from this study (Fig. 3.2).

3.4.2 Kinetics

As observed in the Borgmann and Norwood (1995b) study, where Cu and Zn kinetics were
better predicted using a saturation model, the same was true for this study with U. The uptake of U by
H. azteca was fast, with 89% and 99.98% of the steady state being reached by day seven and day 28 for
the acute and chronic uptake time series studies, respectively. The time to steady state for U by the H.
azteca was slower compared with the metals Cu (4 days), Zn (<4 days) and Pb (4 days), but faster than
the compound tributyltin (14 days, Borgmann and Norwood, 1995b; MacLean et al., 1996; Bartlett et
al., 2004).

The acute and chronic V,,,./K, s estimates for U by the H. azteca (Table 3), equal to k, at low

Cwy, is similar to the k, for Pb of 1.5/day for H. azteca exposed to one-week waterborne Pb
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concentrations (MacLean et al., 1996). The initial four-day £, estimate with Cu (0.73/day) and Zn
(3.5/day) is also similar (Borgmann and Norwood, 1995b). The only difference between the kinetics of
Pb, Cu, Zn, and U is that both Pb and Zn have higher £, rates, 0.76 and 0.68, respectively, than that of
Cu (0.16) and U (0.29).

Bioaccumulation, and hence uptake rate (if 4. is constant), levels off above approximately 1000
nmol/L (Fig. 3.2). This is higher than U concentrations found in most natural waters (Clulow et al.,
1998, OMOE, 2003, EC/HC, 2004). Uranium uptake appeared to level off by day seven in the seven-
day experiment (Fig. 3.3). However, the chronic uptake of U by H. azteca did not completely level off
by day 28, as would be expected based on the &, of 0.29 obtained in the depuration experiment (Fig.
3.5). This suggests the presence of another slower compartment that may be storing U during long term
exposure. Unfortunately, the data from this study were not sufficient to fully model this slower
compartment. However, Chassard-Bouchaud (1983) found that U was associated with calcium
phosphate microgranules (spherocrystals) in the gill cuticle and hindgut epithelia of marine crabs
(Carcinus maenas) when exposed to water-only U concentrations for 14 days. Similarly, Chassard-
Bouchaud (1982) found that U was in the form of an insoluble phosphate in the lysosomal system of the
freshwater crayfish Pontastacus leptodactylus when exposed to U concentrations in water. These
microgranules, which can eventually be eliminated out of the animal, may act as temporary storage sites
for U in the tissue. This may be the same for H. azteca given that Graf and Michaut, (1977) found that

spherocrystals similar to those in the marine crab are present in amphipods of the genus Orchestia.

3.4.3 Gut-clearance

An understanding of the effect of gut-clearance on whole body metal concentration is important
so that the overestimation of true body metal concentrations is avoided in non-gut-cleared animals,
especially following sediment exposure, and when comparing lethal body concentrations (e.g.,
LBC50s) in water and sediment exposed animals. Gut-clearance is not always necessary in water-only
exposures, but it is for sediment exposures. Estimates of LBC50s for both non-gut-cleared animals
(when conducting water-only tests) and gut-cleared animals (for comparison to metal bioaccumulation
in exposures to contaminated sediments) are, therefore, needed. Neumann et al. (1999) and Bartlett et
al. (2004) have both demonstrated how gut-contents significantly contribute to total metal (e.g., Pb, Cd,
Zn and Cu) and tributyltin body concentrations in H. azteca exposed to contaminated sediments. For
instance, Neumann et al. (1999) found that non-gut-cleared H. azteca exposed to spiked sediments had
initial total body concentrations of Pb, Zn and Cd that were 438, 44, and 12% above the true body
concentration, respectively. Hence, gut-clearance is necessary in sediment exposures. However, true

excretion from the body also occurs during the gut-clearance period. In this study 72-79% of total U
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loss from the body in 24 h was estimated in the various experiments. This loss is higher than that for the
metals and metalloids As (34%), Co (13%), Cr (4%) and Mn (48%), also in water-only exposures
(Norwood et al., 2006). The U excretion rate measured after gut-clearance (0.29/day, Table 3.2) would
be expected to result in a 24% loss of total body U after 24 h, far less than the 72-79% loss observed. A
reason for the additional 48-55% loss may be the presence of a second fast true body component as well
as gut-content.

Although no U was added to the food in this study, U could have adsorbed onto the food and
accumulated in the gut. The diet, depending on the animal, metal and type of food sources, may have a
significant or even dominant effect on metal accumulation in aquatic animals compared to the dissolved
phase (Wang and Fisher, 1999). Stephenson and Turner (1993) reported that approximately 58% of the
Cd concentration in field collected H. azteca was due to Cd absorption from the food. Borgmann et al.
(2007) investigated the relative contribution of food collected in the field and water to the
bioaccumulation of 27 metals and metalloids in caged H. azteca near rivers affected by metal mining
and found that Cd, Cu and Se were the only metals in which the food had a significant effect on whole
body accumulation. Despite there being a 6.5 fold concentration range of U in the food in the
Borgmann et al. (2007) study, there was no effect of U concentrations in the food on total U
concentration in the H. azteca. This suggests that U in the diet was not bioavailable in that study. No

attempt was made in this study to measure U uptake from food.

3.4.4 Toxicity

The mortality model based on the saturation model was used to predict the sensitivity of H.
azteca exposed to waterborne U concentrations for one week (Tables 3.4 and 3.5). The LC50 estimate
for the juveniles was approximately 13 times higher than the one-week juvenile LC50 (88 nmol/L)
conducted in water similar to 10SAM (Borgmann et al., 2005). We are not able to explain these
differences between our study and Borgmann et al. (2005), especially since the latter study did not
report toxicity as total body concentration (e.g. LBC50).

At the LC50 concentration of 4000 nmol/L for the adults (Table 3.4), U bioaccumulation was
starting to level off (Fig.3.2). Uranium bioaccumulation was not determined for juveniles above 320
nmol/L and thus it cannot be claimed that accumulation leveled off at 1100 nmol/L, the LC50
concentrations for the juveniles. However, if accumulation in the juvenile H. azteca was also reaching a
maximum, this may partly explain why the LBC50 estimates were more similar between the juveniles

and adults when reported on a body concentration basis than a waterborne basis.
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3.5 Conclusion

Uranium bioaccumulation, kinetics, and toxicity can be explained successfully using a
saturation model. However, when predicting U bioaccumulation and toxicity for H. azteca, a body size
correction is required. Given that 89% of steady state was reached within one week, based on the one-
compartment model, one week U bioaccumulation tests are feasible to predict the bioavailability and
impact of U contamination in the water to H. azteca. As long as U water concentrations are below
levels resulting in saturation of uptake, U concentrations in H. azteca will reflect current U levels in the

environment, and H. azteca are likely to be good monitors of U bioavailability in the field.
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Table 3.1 Mean measured waterborne U concentrations
and pH for
the different series of experiments in this study

Body Size Experiment (7 days)

Nominal  Measured pH
nmol/L
0 0.13+£0.29 7.1+£0.25
100 110+ 20 7.1+£0.14

250 280 + 50 7.1+£0.08

One-week toxicity study
Nominal Measured  pH (uptake)

nmol/L
0 0.20+£0.16 7.0x+0.30
56 43 +19 7.0+0.23
100 88+ 34 7.0+0.21
180 150+ 73 7.0+0.23

320 270 £ 140 7.1+0.22
560 580 + 240 7.1+£0.15
1000 1100 £ 370 7.0+£0.18
1800 1900 £ 670 6.9+0.22

Acute kinetic study (7 days)
Nominal  Measured pH (uptake)  pH (depuration)

nmol/L
0 0.12+£0.31 7.4 +£0.68 6.37 £0.55
40 37+14 74+0.78 6.20 £ 0.23
100 65+ 19 6.9+0.20 6.13+0.22
250 190 £ 51 6.9 +0.22 6.02 + 0.22

Chronic kinetic Study (28 days)
Nominal  Measured pH
nmol/L
0 0.01 £0.02 6.9+0.18
10 5.4 £0.02 6.9+0.20

18 10+2.2 7.0+£0.16
32 19+3.4 6.9+0.19
56 60 £ 6.3 6.9+0.20

Values represented as mean + standard deviation
n=19 for chronic U water

measurements

n=14 for acute U water

measurements

n=12 for the one week toxicity U water measurements
n=12 for the body size experiment
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Table 3.2 Maximum metal accumulation (max ), half saturation constant (K5 ),
background metal accumulation (C g4 ), and the 95% confidence interval in parentheses
for metal accumulation fitted to a water-bioaccumulation saturation curve®”

max (nmol/g) Ko.5 (hnmol/L) max/K o5 (L/g) C kg (nmMol/g) R*
Adults 240 (100-560) 560 (160-2000) 0.46 (0.24-0.74) 0.15 0.53
Juveniles® 210 (150-210) 560 (fixed) 0.37 (0.32-0.45) 0.07 0.85

*model Crg=(max XC/(Kgs *+ Cy) ) + C g

® These estimates are based on 24 h gut-cleared animals; 0 h gut-cleared animals were not sampled
in this particular study

°The max for the juveniles is an extrapolated value based on max/K ;5 and computed using
a fixed Kq 5 of 563 estimated using the adult H. azteca standardized to a body size of 0.22 mg dry weight
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Table 3.3 Kinetic model® estimates (95% confidence interval in parentheses)

Acute

Chronic

Uptake

Depuration

Uptake

g
Duration (day)

Cokg (nmol/g dw)
V umax

Kos® (fixed)

k. (fixed)

R2

\ umax IK 0.5

loss (in 24h)
steady-state (%)

0.023 (0.015-0.035)
7

0.09
810 (650-1000)
560

0.29

0.85

1.4

0.79 (0.73-0.86)
89%

0.023 (0.015-0.035)
14

0.12
1300 (1000-1700)
560

0.29 (0.25-0.33)
0.94

99%

0.023 (0.015-0.035)
28

0.09
880 (740-1100)
560

0.29

0.82

1.6

0.76 (0.70-0.82)
99.98%

*model C 15 =(V ymax /(K +@))(C w/(K o5 +Cy))(1-€ “*"9")(1-loss x gutclear) + C g
®The fixed Ko is based on the estimated value from the bioaccumulation study

“The fixed k . is based on the estimated value from depuration study

Percent of steady-state=(1- e ***¢)') x 100
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Fig. 3.1 Total U body concentration versus body size in H. azteca exposed to 100 (o) and 250 (e) nmol
U/L for one week (R>=0.85, in both treatments). Data includes the pooled non-gut-cleared and corrected
gutclear animals. Gut-cleared animals were divided by (1-loss x gutclear) to correct for total loss of U

concentration in 24h.
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Fig. 3.2 Bioaccumulation saturation curve for juvenile, R>=0.85 (@) and adult, R>=0.53 (o) H. azteca
exposed to waterborne U concentrations of 56-1800 nmol/L for one week in the acute toxicity-
bioaccumulation experiment. The solid line represents the bioaccumulation saturation curve (Eq.(3.1)),
using the max and K,s parameters estimated in this study (Table 3.2); the dash line represents the
bioaccumulation saturation curve (Eq.(3.1a)) estimated using the geometric mean max of 73 nmol/g and

Ky s0f 106 nmol/L (for the 10SAM treatment) in the Alves et al. (2008) study.
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Fig. 3.3 Corrected total corrected body concentration (nmol U/g dry weight) versus time (day) for
pooled non-gut-cleared and corrected 24h gut-cleared (i.e. by dividing the body concentration by1-/oss
x gutclear) H. azteca exposed to the pooled waterborne U concentrations of 10-1800 nmol/L from
various experiments for one week (R’=0.85). The corrected concentration in H. azteca were further

divided by C,,/(Ky 5+ C,) to account for differences in U water concentrations.
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Fig. 3.4 Depuration curve for total corrected U-body concentration versus time (day) for H. azteca in
the absence of waterborne U concentrations (R*=0.94). H. azteca were exposed for one week to U
waterborne concentrations of 40-250 nmol/L (i.e., acute uptake time series experiment) prior to
depuration. Corrected body burden in H. azteca were divided by C,/(Kys + C,) to account for

differences in water U concentrations.
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Fig. 3.5 Total corrected U-body concentration versus time (day) for non-gut-cleared and corrected gut-
cleared animals (i.e., 1-lossx gutclear) H. azteca exposed to pooled waterborne U concentrations of 10-
1800 nmol/L from various experiments for four weeks (R?=0.82). Corrected body concentration in H.

azteca were divided by C,/(Ky5+ C,) to account for differences in U water concentrations.
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APPENDIX

Qualiy Assurance and Quality Control (QA/QC)

Quality assurance and quality control procedures were carried out by NLET, such as standard
verifications to monitor sensitivity drift of the machine, control standards to confirm accuracy of the
calibration curve, and reference materials to monitor accuracy and precision (ICP-MS, NLET, 2007). A
high-purity standard for U (High-Purity Standards, Charleston, South Carolina, USA) and an
Environment Canada (National Laboratory for Environmental Testing at the National Water Research
Institute, Environment Canada, Burlington, ON, Canada) certified trace elements drinking water
standard (TM-DWS) were included with the water and H. azteca samples in order validate the ICP-MS
calibration curve for U. The average percent recovery for the high-purity standard (n=6) and
Environment Canada standard (n=6) from the true value was 99.5 and 108%, respectively. Method
blanks were collected and processed at the same time as water and sediment and tissue digests were
collected and processed, using the same containers, digestion or preservation techniques. Method
blanks were also measured. Uranium concentrations in the water and H. azteca were background
corrected, by subtracting by the blank measured value. This blank correction accounted for any
potential U contamination that may have been present during the collection and processing of the
samples. For the majority of the blank samples, U concentrations were below the ICP-MS detection
level of 0.0005 pg/L.

Blanks and appropriate standard reference materials for the major ions (Ca, Mg, Na and K),
DIC/DOC, and the anions, SO4 and Cl measurements were analysed by NLET in accordance with their
quality assurance and quality control procedures. Dissolved organic and inorganic carbon samples were
measured on a UV-persulfate TOC analyzer (Pheniox 8000"™). The major ions Ca, Mg, Na, and K were
measured on an atom absorption spectrophotometer, while the anions, Cl and SO, were measured using

ion chromatography.
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CHAPTER 4

THE CONCENTRATION OF URANIUM AND 26 OTHER METALS IN THE WATER,
SEDIMENT, AND TISSUES OF Hyalella azteca EXPOSED TO SEDIMENT AND SITE
WATER COLLECTED NEAR FORMER URANIUM MINING DISTRICTS: ELLIOT LAKE
AND BANCROFT, ONTARIO, CANADA

Abstract
The purpose of this study was to determine if a water-bioaccumulation model using the

freshwater amphipod Hyalella azteca as the model organism, and a water-sediment saturation model
developed in a previous study, could be applied to quantify Uranium (U) bioavailability under natural
conditions. The evaluation and bioavailability of 26 other metals were also assessed in the sediment,
water and H. azteca, in order to distinguish between toxicity, if any, caused by U exposure versus those
caused by the presence of others metals in the environment. The water-bioaccumulation saturation
model could not be validated in this study due to U concentrations in H. azteca and overlying water
being close to background levels. Similarly, U concentrations in the sediment were close to background
concentrations for the majority of the sites making it difficult to test the water-sediment partitioning
saturation model. For some sites where metal concentrations in the sediment and water were above
background concentrations, the water-sediment partitioning saturation model under-predicted U binding
to the sediment when compared to the observed field concentrations. Toxicity did take place at some
sites, but this toxicity was not due to U, but rather to Cd. This study emphasized the use of metal
bioaccumulation when conducting field risk assessments to determine metal bioavailablitiy in the

aquatic environment.

4.0 Introduction
There have been many studies that have focused on bioaccumulation of uranium (U) and U-

series radionuclides, mainly radium, in many species near Elliot Lake, a former U mining district in
Ontario, Canada (e.g., Clulow et al., 1991; Clulow et al., 1992; Clulow et al., 1996; Clulow et al.,
1998a; Clulow et al., 1998b). However, the chemical toxicity of U, which is considered to be more
toxic than the radiological toxicity (EC/HC, 2004) has received little attention in the field and in aquatic
invertebrates. Of the studies that are currently available, Alves et al. (2008) found that for Hyalella
azteca, a sensitive freshwater amphipod, U bioaccumulation was mainly via the water rather than the
sediment when H. azteca were exposed to U-spiked sediments for 28 days (Alves et al., 2008). The
bioaccumulation of this animal was found to be a more reliable indicator of U toxicity than
concentrations in the water and sediment (Alves et al., 2008). However, Alves et al. (Chapter 3)

cautioned that body-size needs to be taken into account when reporting U accumulation and toxicity in
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these animals, given the presence of a significant negative relationship between U and body size when
H. azteca were exposed to water-only U concentrations for one week.

Water chemistry such as pH can influence U bioaccumulation and toxicity in some species. For
instance, Markich et al. (2000) found that the valve movement response of a freshwater bivalve,
Velesunio angasi, was dependent on pH, whereby the bivalves were more sensitive to U concentrations
at a low water pH (5.0). By applying a water-bioaccumulation and water-sediment partitioning
saturation model, Alves et al. (2008) were able to determine that water pH not only affects U speciation
in the water, but the dissolution of U from the sediment into the water and the uptake of U by H. azteca.
In fact, the half-saturation constant for U partitioning or accumulation in their saturation model varied
strongly with the hydrogen ion concentration to the fourth power, suggesting the presence of four
binding sites for hydrogen ion on the sediment or H. azteca.

Although, Alves et al. (2008) was able to successfully apply these saturation models in a
practical laboratory setting, their validity in the field still need to be demonstrated. If these models are
successfully validated in the field, they will be essential monitoring tools for environmental regulators
and industry in the management of aquatic environments near U mines and tailings management areas.
Therefore, the goal of this study was to first determine if U is bioavailable to H. azteca exposed to field
sediments and waters near decommissioned U mining and tailings management areas in Ontario, and if
the saturation models employed by Alves et al. (2008) can be applied to quantify U concentrations
under natural conditions. The evaluation and bioavailability of 26 other metals (i.e. Ag, Al, As, B, Ba,
Be, Bi, Cd, Co, Cr, Cu, Fe, Ga, La, Li, Mn, Mo, Ni, Pb, Rb, Sb, Se, Sr, Tl, V and, Zn) were also
assessed in the sediment, water and H. azfeca, in order to distinguish between toxicity, if any, caused by

U exposure versus toxicity caused by presence of others metals.

4.1 Theory

4.1.0 Metal Bioaccumulation
A saturation model (Borgmann et al., 2004; Alves et al., 2008) has been shown to describe the
bioaccumulation of metals such as Cd, Cu, Pb, Ni and U by H. azteca; this model is described by:

max C),

Cpp=—— W 4 C 4.1
v K,; +Cy e @

where Crp is the total body concentration of a metal, max is the maximum (above background
concentration) accumulation of the metal by the organism, Cy is the concentration of the metal in water,

Ky 5 is the half saturation constant (concentration at which the Cyp is halfway between the maximum
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accumulation and background concentrations), and Cyy, is the background Crz in animals in the absence
of any added metal to the water.

The K 5 value for U is expressed as:
Kys=a+bH 4.2)

where a = 1/K,, and K,, is the binding strength of the metal to the binding site (ligand), and b is the
product of a and the corresponding binding constants to the hydrogen ion. The estimated values for the
a and b constants predicted from the Alves et al. (2008) study are shown in Table 4.1. In Eq. (4.2), 4 is
the slope of the plot of log (K,s) versus log (H") if the other ions are held constant. This slope also

represents the number of hydrogen binding sites (i.e. four bindings sites) binding to the ligand.

4.1.1 Water-sediment partitioning

The binding of U in water to sediment is also described using a saturation model, similar to Eq. (4.1),

but with an inclusion of an additional binding site (Alves et al., 2008):

sed ma),(' CW + ma),(,"CW + Cbkgs
(Kys+Cy ) (Ky5"+Cy )

(4.3)

where C,,, is the total metal concentration in the sediment, max’ and max’’ are the maximum (above
background concentration) in the sediment, K5’ and K5 " are half saturation constants, analogous to
Ky sin Eq. (4.1) and Cygs is the background concentration of Cy,, in the absence of any added metal to
the sediment.

If the first binding site of the sediment is weak, K, s’ >>C,, then Eq. (4.3) can be simplified to
(Alves et al., 2008):

(4.4

where a represents max'/K,s"; the initial slope of the saturation curve (Borgmann et al., 2004; Alves et
al., 2008).
The inverse of a and binding to the second binding site are also related to the hydrogen ion

concentration similar to Ky sin Eq. (4.2) as follows:
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1
—=a'+b'(H")*
” H") (4.5)

and
Kos'=a”+b"(H") (4.6)

where ¢’ = 1/K,,’, a’’= 1"/K,,’’; b’ and b’ are the products of ¢’ and a’’, respectively, and the
corresponding binding constants to the hydrogen ion, while K,,” and K,,”” are the binding strengths of
the metal to binding site. The estimated values for the constants a’, a”, b’, and b” from Alves et al.

(2008) are shown in Table 4.1.

4.2 Materials and Methods
4.2.0. Study area(s)

4.2.0.1 Elliot Lake, Algoma District

The City of Elliot Lake is located on the Canadian Shield in Northern Ontario, within the
Serpent River watershed, north of Lake Huron and between Sudbury and Sault Ste. Marie (Fig. 4.1).
Uranium mining and milling operations flourished during the mid-1950’s to 1960’s and then again from
the 1970’s to the 1990’s with a total of 12 decommissioned mines, 11 associated decommissioned mills,
and 10 decommissioned tailings management areas near Elliot Lake (EC/HC,2004; LLRWMO, 2004;
Minnow Environmental Inc., 2005 ).

Five lakes near Elliot Lake were sampled: Ten Mile (TNM), Dunlop (DUN), Quirke (QKE),
Elliot (ELT), and McCarthy (MCC) Lake for U concentrations in the sediment, water and H. azteca
(Fig. 4.2). Ten Mile and Dunlop were selected as reference lakes because they were both upstream of
any U decommissioned mines/mills and tailings management areas (Fig. 4.2; EC/HC, 2004). Quirke
and Elliot Lake were chosen because at one time there were a total of seven and three operating mines,
respectively, near the vicinity of these lakes (LLRWMO, 2004; Minnow Environmental Inc. 2005; Fig.
4.2). Currently, Quirke Lake, which is the largest water body in the Serpent River watershed, receives
treated effluent from three tailings management areas (EC/HC, 2004). McCarthy Lake, which is
downstream of all the decommissioned mines/mills and tailings management areas, receives the
combined flow from all the above lakes sampled (EC/HC, 2004). In terms of lakes, McCarthy Lake is a

good representative of the total U concentrations within the Serpent River watershed.

4.2.0.2 Bancroft, Hasting County
The town of Bancroft, on the southern edge of the Canadian Shield in Eastern Ontario, is

located on the York River, north-east of Toronto and west of Ottawa (Fig. 4.1). Uranium mining and
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milling occurred during the late 1950°s to mid-1960°s and then resumed again in late 1970’s to early
1980’s with a total of two decommissioned mines, a decommissioned mill and three decommissioned
tailings management areas (OMOE, 2003; LLRWMO, 2004; Fig. 4.3). Five Lakes near Bancroft were
sampled: Centre (CTR), Siddon (SID), Bentley (BEN), Bow (BOW), and the upper part of Paudash
Lake, Inlet (INT) Bay, for U concentrations in the sediment, water and H. azteca. Centre and Siddon
Lake were chosen as reference lakes, given their locations upstream of any decommissioned mines or
mill, and tailings management areas (Fig. 4.3). Both Bentley and Bow Lake were adjacent to a
decommissioned mill and a tailings management area, whereas Inlet Bay was downstream of a
decommissioned mine and a tailings management area (Fig. 4.3). All of these lakes empty into the

Crowe River system, which forms part of the Lake Ontario watershed (OMOE, 2003).

4.2.1 Sediment

Sediments were collected near Elliot Lake in August 2007 and Bancroft in October 2007. A
mini-PONAR grab was used to collect approximately 250 mL of sediment at each sampling site (Table
4.2). For each individual lake, sediments were collected at the deepest part of the lake and at 20 meters
for lakes near Elliot Lake and 10 meters for lakes near Bancroft. Samples were placed into 250 mL
acid-washed polypropylene containers. Sediment samples were stored in a 4°C cooler and transported
to Burlington, Ontario, Canada, Centre for Inland Waters Research, Environment Canada. Sub-samples
of the sediments were freeze dried and analyzed for particle size using the procedure of Duncan and
LaHaie (1979) and total organic carbon using the LECO®CR-12 carbon determinator (LECO Corp, MI,
USA). Other sub-samples of the sediment were dried in a 60°C oven for one week and analyzed for
moisture content before being digested and analyzed for the 27 metals: Ag, Al, As, B, Ba, Be, Bi, Cd,
Co, Cr, Cu, Fe, Ga, La, Li, Mn, Mo, Ni, Pb, Rb, Sb, Se, Sr, Tl, U, V, and Zn by the National
Laboratory for Environmental Testing (NLET), Environment Canada, Burlington, Ontario, Canada,
using inductively coupled plasma-mass spectrometry (ICP-MS, NLET, 2007). Sediment digestions
were carried out as described by Alves et al. (2008) for the H. azteca. The leftover sediments were

placed in a 4°C walk-in incubator prior to their use in the cone experiments (see below).

4.2.2 Field water

Ten liters of surface water at the deepest part of each sampled lake were collected along with
field blanks (Nanopure® water). Water temperature, conductivity, pH, and dissolved oxygen were

measured with a submersible YSI Datasonde probe (Y SI 6600D-multi-parameter water quality monitor,
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YSI Environmental System, OH, USA). Ammonia was analyzed using an assay kit (Aquarium Test for
freshwater, NUTRAFIN®, Quebec, Canada).

Water was collected for dissolved inorganic carbon and dissolved organic carbon (DIC/DOC),
alkalinity, hardness, and the major ions: Ca, Mg, Na, and K measurements at the deepest part of the
lake. For the DIC/DOC water was collected in glass containers with no head space. Filtered (0.45 pm
Supor® (PES) membrane ion chromatography Acrodisc®, Pall Corporation, Ann Arbor, MI) and
unfiltered water were collected and acidified to 1% HNO; with 70% supra trace HNO;. Water samples
were stored in a 4°C cooler and transported to Burlington, Ontario were they were kept in a 4°C walk-in

incubator pending analysis.

4.2.3 Benthic collection and other samples

Hyalella azteca and periphyton were collected, where present, near the shoreline (Table 4.2).
Hyalella azteca were collected by disrupting the surface layer of the sediment for one minute and
skimming the layer with a D-net. The animals were placed into a 10 L bucket with lake water and
transported to Burlington. These animals were counted, gut-cleared for 24 h in dechlorinated water
originating from Lake Ontario, dried, digested, using the procedure described in Alves et al. (2008), and
analyzed for the above mentioned 27 metal concentrations by NLET (NLET, 2007). These field
collected H. azteca were used only as an indication of their presence in the lake and as a measurement
of metal concentrations in the field for these animals. They were not used in the cone experiments (see
below).

Periphyton was collected by scraping off rocks and logs near the shoreline (Table 4.2). The
periphyton was placed in a 1 L acid-wash polypropylene container with lake water and stored in a 4°C
cooler while in the field and in a 4°C walk-in incubator once in the laboratory. Sub-samples of the
periphyton were dried and digested as described in Alves et al. (2008) for H. azteca and then analyzed
for the 27 metals by NLET (NLET, 2007). The leftover periphyton was used as food source for the H.

azteca as a side experiment in the cone study (see below).

4.2.4 Culturing

Hyalella azteca were cultured using the procedures of Borgmann et al. (1989), but in
polyethylene containers rather than glass containers. Each culture was supplied with 1L of
dechlorinated Burlington City tap water originating from Lake Ontario (from July 07 -Dec 07 in mg/L
(n=9)): dissolved organic carbon = 1.1 £ 0.2 ; dissolved inorganic carbon = 18.3 £ 0.8 ; C1=26.9 £ 1.3;
SO,=39.1+£21;Ca=354+£05;Mg=87%0.1;Na=145%0.8; K=3.6=% 1.9, alkalinity (as
CaCQO;) = 76.3 + 3.1; hardness (as CaCO;) = 124.3 £ 1.6, pH 7.9 to 8.2). Culture water was renewed
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weekly with the young being separated from the adults in order to maintain a continuous supply of zero
to one-week-old-amphipods. The culture and experimental animals were held in a walk-in incubator at
24 + 1°C with a 16h light: 8h dark photoperiod. Animals used in the experiments were acclimated in a
5-salt artificial medium (see below) for one week prior to the start of the experiments. The initial age of

juvenile H. azteca used in the cone studies at the start of the experiments was 7-14 days old.

4.2.5 Experiment water chemistry

Chronic four-week (28 day) static, non-renewal experiments were conducted using sediments
from each site with both site water and a moderately hard water with high alkalinity, 5-salt Standard
Artificial Medium (SAM): 1 mM CaCl,; 1mM NaHCOs; 0.25 mM MgSO,; 50 uM KCI; 10 uM NaBr.
The SAM is similar to Lake Ontario water with a pH of about 8. Given that Canadian Shield waters are
usually soft, with a lower pH around 7, the inclusion of SAM in this study was to provide some
variability to the water chemistry in the study and to observe if there were any consistent patterns in
terms U partitioning from field sediment and decrease in U bioaccumulation in H. azfeca with an
increase in overlying water pH as reported in Alves et al., (2008).

Experiments were carried as described by Alves et al. (2008), but with the exclusion of caged
animals. In short, within 4-7 days of sediment collection, approximately 5 mL of sediment with a depth
1 cm and surface diameter of 3 cm was added to a polycarbonate Imhoff settling cone. One liter of
SAM or site overlying water was added to each cone in order to achieve a water to sediment ratio of
200:1. Each cone was allowed to equilibrate for two weeks. After the two-week equilibrium period 15
acclimated H. azteca in SAM were added to each cone and exposed to the field sediments and the
different overlying waters for 28 days with a 16h light: 8 h dark period at 24 £ 1°C. Amphipods were
fed ground TetraMin” fish flakes (Tetra Holding Inc., U.S.A) or natural periphyton collected in the
field three times per week at the following rates: 2 mg for week 1 and 2; 2.5 mg for week 3, and 5 mg
for week 4.

Ten milliliters of filtered (0.45 pm) overlying water samples were collected on day zero and 28
from each chamber for the measurement of the dissolved metal concentrations, Ag, Al, As, B, Ba, Be,
Bi, Cd, Co, Cr, Cu, Fe, Ga, La, Li, Mn, Mo, Ni, Pb, Rb, Sb, Se, Sr, Tl, U, V, and Zn in the water.
Water samples were acidified to 1% with HNO; (high purity acid, omniTrace®, E.M. Science) and
placed in a 4°C cold-room pending analysis. Ten milliliter water samples were collected and used to
measure pH (ATI ORION, Model 420A), ammonia (Aquarium Test for freshwater, NUTRAFIN®),
conductivity (VWR Scientific, Model 1054) and dissolved oxygen (Thermo Orion, Model 805APlus) at

the beginning and end of the exposure periods.
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On day 28, 125 mL of overlying water was collected and measured for dissolved organic and

inorganic carbon using a UV-persulfate TOC analyzer (Pheniox 8000™

), while 500 mL of water was
collected and measured for the major ions Ca, Mg, Na, and K using an atom absorption
spectrophotometer and Cl and SO, using ion chromatography. These water samples as well as the field
collected waters were analyzed by NLET (NLET, 2007).

Surviving amphipods were sieved and rinsed in clean City of Burlington tap water. The
amphipods were counted and placed in a 120 mL plastic specimen container with 50 uM EDTA
(Ethylenediaminetetra-acetic acid, BDH Chemicals, LTD.) made-up in SAM and 5.0 mg of TetraMin
for 24 h to clear their guts. The gut-cleared amphipods were weighed as a group to provide a mean

mass per container and dried for 48 h at 60°C. Groups of six dried amphipods were digested as

described in Alves et al. (2008) and analyzed for the 27 metal concentrations by NLET (NLET, 2007).

4.2.6 Quality Assurance and Quality Control (QA/QC)

Blanks and appropriate standard reference materials for major ions, DIC/DOC, SO4 and Cl
measurements were analysed by the National Laboratory for Environmental Testing (NLET) in
accordance with their quality assurance and quality control procedures.

All U chemical analyses in terms of the 27 metals (Ag, Al, As, B, Ba, Be, Bi, Cd, Co, Cr, Cu,
Fe, Ga, La, Li, Mn, Mo, Ni, Pb, Rb, Sb, Se, Sr, Tl, V and, Zn) concentrations in sediment, water H.
azteca and periphyton were done by the NLET using inductively coupled plasma-mass spectrometry
(NLET, 2007). Quality assurance and quality control procedures were carried out by NLET, such as
standard verifications to monitor sensitivity drift of the machine, control standards to confirm accuracy
of the calibration curve, and reference materials to monitor accuracy and precision (ICP-MS, NLET,
2007). Method blanks and field blank were collected at the same time as the water was collected and
the sediment and tissue digests were processed, using the same containers, digestion or preservation
techniques. Measured metal concentrations in the sediment, water, H. azteca and periphyton were
background corrected by subtracting these values by the method blank and field blank measurements.
This blank correction accounted any potential metal contamination that may have been present during
the collection and processing of the samples.

A high-purity standards certified reference material for trace elements (High-Purity Standards,
Charleston, South Carolina, USA) and an Environment Canada (National Laboratory for Environmental
Testing at the National Water Research Institute, Environment Canada, Burlington, ON, Canada)
certified trace elements drinking water standard (TM-DWS) were analysis along side the sediment,
water, H. azteca, and periphyton samples in order to validate the ICP-MS calibration curve for the

different elements. These standards were acidified to 1% with HNO; (high purity acid, omniTrace®,
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E.M. Science). Two additional certified sediment reference materials (SUD-1, collected from Ramsey
Lake near Sudbury, Ontario, and WQB-3, a mixture of Hamilton Harbour and Lake Ontario sediments,
National Laboratory for Environmental Testing at the National Water Research Institute, Environment
Canada, Burlington, ON, Canada) processed in the same manner as the sediment digests were included
to validate the ICP-MS calibration curve for the different elements when analysing the sediment
samples. The Institute for National Measurement Standards National Research Council of Canada
certified reference material, Tort-2, lobster, hepatopancrease (National research council of Canada,
Ottawa, Canada), digested using the H. azteca digestion method, was used to validate the ICP-MS
calibration curve for the different elements during the H. azteca samples analyses. The mean percent
recovery for the high-purity standard (n=4) and Environment Canada certified standards (n=4) for a
suite of certified metals was within 11% and 7%, respectively, of the certified standard values. The
mean percent recovery for the two certified reference sediments, SUD-1 (n=2) and WQB-3 (n=4), were
both within 8% of the certificate reference value for the certified metals. The mean recovery for Tort-2

(n=6) was between 2% of the certified value among the different certified metals.

4.2.7 Statistics and data analysis

All statistical tests were performed using SYSTAT version 10.0 (Chicago, Illinois, USA).
Survival data was arcsine transformed to approximate the normal distribution. Comparisons in
normalized data between the treatments and the lakes were made using a nested analysis of variance
(ANOVA) where treatments were nested within the lakes, followed by a Tukey's pairwise comparison

for differences among the treatments and lakes (P<0.05).

4.3 Results

4.3.0 Surface water chemistry in field

Dissolved oxygen concentrations were higher in the lakes sampled near Bancroft than near
Elliot Lake. Water temperature was about 10°C higher for water collected from Elliot Lake area
compared to Bancroft area (Table 4.3). This may explain why the dissolved oxygen concentrations
were higher for the Bancroft region. given that more oxygen can dissolve in cold water compared to
warm water. pH readings for the Elliot Lake sites (7.3-8.5) were more variable than those from
Bancroft sites (7.7 to 7.9; Table 4.3).

Conductivities were on average lower (28-170 pS/cm) at sites near Elliot Lake compared to
those at Bancroft (46-540 uS/cm; Table 4.3). This is not surprising since the major ions Ca, Mg, Na and
K, as well as the Cl, and SO, were higher in the Bancroft waters in comparison to sites near Elliot Lake

(Table 4.3). Dissolved organic carbon (DOC) was consistent between the two studies ranging between
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1.7 to 3.6 mg/L for the Elliot Lake sites and 3.5 to 5.6 mg/L for the Bancroft sites. Dissolved inorganic
carbon (DIC) was on average three times higher for waters in the Bancroft region compared to the sites
in the Elliot Lake district (Table 4.3), thus explaining the higher alkalinity measurements in the
Bancroft region (Table 4.3). The high conductivity at some sites (e.g., MCC1, QKEI, BEN1, BOWI;
Table 4.3) may be associated with the liming of the tailings that took place in the past and/or is

currently taking place at some of the tailings management areas near Elliot Lake (e.g. QKE Lake).

4.3.1 Overlying water chemistry in the cone experiments

Dissolved oxygen in the overlying water was on average higher for the Elliot Lake study (7.9-
8.3 mg/L) compared to the Bancroft study (7.3-7.7; Table 4.4); but overall was consistent within each
study. pH was maintained around 8.0 for H. azteca exposed to the overlying SAM water in all studies.
The site waters: SID, BEN, BOW and INT were also maintained around pH of 8.0 in the four-week
cone experiments for H. azteca fed the TetraMin or periphyton diet (Table 4.4). The overlying water for
the TNM, DUN, MCC, and ELT sites were around circumneutral pH for animals fed a TetraMin or
periphyton diet (Table 4.4). The same was true of the overlying water from the QKE site for animals
fed periphyton. For animals reared on a TetraMin diet for the CTR and QKE sites, pH was around 6.1
and 6.2, respectively (Table 4.4).

Conductivity ranged between 430-480 uS/cm in cones with the SAM overlying water. Similar
to the observations in the field waters, the major ion and conductivity measurements were on average
lower for site waters collected near Elliot Lake compared to sites near Bancroft (Table 4.3; Table 4.4).
For the BEN and BOW sites, conductivity was higher than the SAM overlying water. This is not
surprising given that major ions Ca and Mg were higher than those in the SAM water for these sites,
also explaining the higher hardness levels at these sites (Table 4.4).

Dissolved organic carbon was on average 2-3 times lower in the SAM overlying waters,
compared to the site waters. The only exception to this was QKE-SAM (10 mg/L) where DOC was 2.5
times higher compared to the site waters (4.1 mg/L; Table 4.4). With the exception of the BEN and
BOW sites, the opposite was true for DIC and alkalinity measurements, whereby these measurements

where on average higher for the SAM versus site waters (Table 4.4).

4.3.2 Metal concentrations in field collected lake water samples

Dissolved metal and metalloid concentrations for the surface water collected at the various
lakes in the Elliot Lake and Bancroft regions are reported in Table 4.5. The dissolved metals and
metalloids concentrations in the surface water were compared to available freshwater Ontario

Provincial Water Quality Objectives (PWQO) for Ag, Al, As, B, Be, Cd, Co, Cr, Cu, Fe, Mo, Ni, Pb,
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Sb, Se, Tl, U, V, Zn and Canadian Water Quality Guidelines (CWQG) for Ag, Al, As, Cd, Cr, Cu, Fe,
Ni, Pb, Se, Tl and Zn, which both report these values on a total metal concentration basis (MOEE,1999;
CCME,1999). Comparing dissolved versus total metal concentrations values should not affect the
overall intent of the guidelines, which is to protect all forms and aspects of aquatic life and life stages
during any duration of metal exposure via the water (MOEE, 1999; CCME, 1999), especially given that
the dissolved or the free ion form of the metal is usually associated with causing adverse effects to the
organism. In other words, if the dissolved form exceeds the total metal concentration values of the
guidelines this suggests that the environmental conditions may not be appropriate for supporting aquatic
life (MOEE, 1999).

For the CWQG, the guidelines are derived using the lowest observable effect level (LOEL)
based on chronic studies using a non-lethal endpoint (e.g. growth and reproduction) for the most
sensitive life cycle/stage of the most sensitive native Canadian aquatic species studied, and then
multiplying this value by an uncertain safety factor of 0.1. Alternatively, the guideline may be set by
using the median lethal (LC50) or median effective concentration (EC50) from an acute study for the
most sensitive species and then multiplying by an acute/chronic ratio (CCME, 1999). If there are
limited data for a particular contaminant an interim guideline is derived (CCME, 1999). The PWQG are
derived in a similar manner (OMOE, 1992).

The majority of the dissolved metal and metalloid concentrations in the surface water collected
in the field were well below the set PWQO and CWQG, except for the metals B, Cd and U (Table 4.5).
Boron concentrations exceed the PWQO of 18500 nmol/L by 1.8 fold only at BEN1 (Table 4.5). Boron
concentrations were also close to PWQO guideline for BOW1 (17000 nmol/g), but did not exceed this
value (Table 4.5). Cadmium concentrations were at the CWQG interim value of 0.04 nmol/L, based on
a hardness of 10 mg/L as CaCO;, for TNM (0.04 nmol/L) and DUN (0.03 nmol/L), and exceeded the
CWQG interim value of 0.07 nmol/L for Cd at ELT (0.09 nmol/L; Table 4.5).

The highest dissolved U concentrations in the water were found at the BOW1 (130 nmol/L),
BEN1 (110 nmol/L) and QKE1 (4.1 nmol/L; Table 4.5). For the BOW1 and BENTI sites, these U
concentrations exceeded the PWQO of 21 nmol/L, by 6 and 5 fold, respectively (Table 4.5).

Centre Lake, a reference lake in the Bancroft area, did have elevated Fe levels of 3500 nmol/L
in its surface water. However, these concentrations were approximately 1.5 times lower than both the
PWQO and CWQG of 5400 nmol/L for Fe (Table 4.5).

Dunlop Lake, a reference lake in the Elliot Lake area, had elevated concentrations of Cr (15
nmol/L) compared to the other lakes in the study. However, this value was below the PWQO and
CWQG for Cr (VI) of 19 nmol/L and Cr (III) 170 nmol/L (Table 4.5). Chromium redox speciation was

not measured in the water so it cannot be concluded if the dissolved fraction of Cr was in the Cr (VI) or
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Cr (IIT) form, with the Cr (VI) form being more toxic at lower concentrations than Cr(III). Although,
there are no guidelines for Sr, this metal was between 10-200 times elevated at BEN1 and BOW1
compared to the other sites sampled in this study (Table 4.5).

4.3.3 Metal concentrations in overlying water of the cone experiments

Metal concentrations in the site or SAM overlying waters in the cone experiment are shown in
Table 4.6. The overlying water and H. azteca (see below) data were pooled together for the different
sediment sampling sites within each lake for the sediment cone toxicity tests. This was done due
increase the sample size..

The metals concentrations of Al, Ga, Mn, Pb and V concentrations were often higher in the
SAM overlying water when compared to the site waters collected near the Elliot Lake and Bancroft
areas. Selenium was always higher in the SAM overlying water with the Bancroft area collected
sediments, while U concentrations were higher in the SAM overlying waters with the sediments
collected near the Elliot Lake area (Table 4.6). The higher concentrations of these metals in the SAM
overlying water are probably due to the complexation of these metals to carbonates with increasing pH
and hardness in the water. Based on the available PWQO and the CWQG, the majority of the metals
and metalloids concentrations in the overlying SAM and site waters were below the guidelines except
for Cd concentrations in the overlying SAM water at DUN, and Al, B, Cd, Cu, and U at various
overlying site waters near the Elliot Lake and Bancroft areas (Table 4.6). Al concentrations exceeded
the CWQG at the DUN, QKE and CTR-site when adjusting for pH (<6.5; Table 4.6). For instance, Al
concentrations were four times higher than the CWQG at CTR-site.

Boron concentrations exceeded the PWQG at BEN and BOW sites for animals fed the
TetraMin or periphyton diets (Table 4.6). Cadmium concentrations exceeded the CWQG for most sites
in Elliot Lake area in the overlying site water and only the CTR-site near Bancroft after accounting for
hardness (Table 4.6). Cadmium concentrations exceeded the CWQG when adjusted for hardness for
DUN-SAM. Similarly, Cu concentrations in the overlying site water exceeded the PWQG and CWQG
at some sites near Elliot Lake when adjusted for hardness (Table 4.6). For example Cu concentrations
exceeded the PWQG and the CWQG by 2.5 and 1.3 times, respectively at the ELT-site (Table 4.6).
Uranium concentrations only exceeded the PWQG at the BEN and BOW Lake using the overlying
water sites and for animals fed the TetraMin or periphyton diets (Table 4.6).

4.3.4 Sediment concentrations and analysis

Sediments at the deepest part of QKE Lake were not collected due to unsafe weather conditions

(i.e. too windy) at the time of collection. Sediments at 20 meters for QKE were obtained but not
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measured for total organic carbon and particle size due to a potential risk of radionuclide exposure to
the operator during analysis. Organic carbon was always higher than the inorganic carbon for all sites,
with sediments sampled near Bancroft having a higher total carbon measurements compared to the
Elliot Lake area sites (Table 4.7). The presence of a higher density of cottages and smaller lake area and
lake depth or the smaller watershed to smaller lake area ratio near the Bancroft sampling sites compared
to those near Elliot Lake area may partly explain the higher organic content at Bancroft (Table 4.2;
Table 4.7; Fig.4.2-4.3).

In terms of the particle size distribution (Table 4.7), the majority of the lakes in the Elliot Lake
area were classified as clayey silt, with the deepest site at DUNI1 being sandy silt. All lakes near
Bancroft were classified as silty clay (Table 4.7). Moisture content in the sediments ranged between 80-
95% for all sites (Table 4.7).

Metal concentrations in the sediments for the different lakes are shown in Table 4.8. The
concentrations for the metals and metalloids: As, Cd, Cr, Cu, Fe, Mn, Ni, Pb and Zn in the sediments
were compared to available freshwater Ontario Provincial Sediment Quality Guidelines (PSGQ):
Severe Effect Level (SEL) and Lowest Effect Level (LEL; Jaagumagi, 1992). The SEL is the
concentration of the metal in the sediment that is detrimental (i.e. may cause death) to 95% of benthic
species, while the LEL is the metal concentration in the sediment which 5% of benthic species cannot
tolerate (i.e. there is a 5% biological (toxic) response to the benthic species; Jaagumagi, 1992). These
levels were derived using the Screening Level Concentration (SLC) approach, an effects-based
approach, developed by Neff et al. (1986), whereby a frequency distribution of the metal concentrations
collected at different field sites and in co-occurrence with the presence of benthic species is used to
calculate a species SLC (SSLC) using the 90th percentile, where 90% is the metal concentration that
can be tolerated by a specific species. From here another frequency distribution is generated using the
SSLC for each species, with the 5th percentile of this SSLC frequency distribution being set as the LEL
and the 95th percentile being set as the SEL (Neff et al., 1986).

Sediment metal concentrations were also compared to the national freshwater Canadian
Sediment Quality Guidelines (CSQG) Interim Sediment Quality Guideline (ISQG) and Probable Effect
Level (PEL) for the available metals and metalloids As, Cd, Cr, Cu, Pb, and Zn. The ISQG (or
Threshold Effect Level (TEL)) is the concentration at which adverse biological (toxic) effects, such as
death, rarely occur to aquatic species. It is derived by taking the geometric mean of the 15" percentile
concentration of a biological effect (i.e. survival, growth, reproduction, etc.) data set and the 50"
percentile concentration of a biological no-effect data set (CCMC, 1999). The ISQG is derived only
when data are available, but limited in terms of the sediment type and/or characteristics, given that

these factors can modify and influence metal bioavailability and toxicity to aquatic species (CCME,

109



1999). The PEL, on the other hand, is the level at which adverse biological (toxic) effects frequently
take place to aquatic species. This level is calculated by taking the geometric mean of the 50™ percentile
concentration of the biological effect data set and the 85" percentile concentration of the biological no-
effect data set (CCME, 1999).

The metals Al, Fe, and Mn were consistently higher on a molar basis compared to other 24
metals at both the Elliot Lake and Bancroft sampling regions (Table 4.8). For the metals Fe and Mn, the
majority of these high concentrations were found in lakes near decommissioned mines, more so for the
Elliot Lake region compared to the Bancroft region (Table 4.8). These elevated Fe and Mn
concentrations may be associated with the solubilization of these metals that probably took place in the
past when the U ore was acid leached (Dreesen et al., 1982).

Currently there are no PSQG and CSQG for the metal Al. According to PSQG, Fe levels for the
Elliot Lake region were all above the LEL (380 umol/g dw), with two sites in this region, notably
MMC?2 and QKE1, exceeding the SEL (780 umol/g dw), by 1.4 and 5.8 times, respectively (Table 4.8).
Iron levels near the Bancroft region only exceed the PSQG-LEL at BOW sites (Table 4.8). All other
sampling sites near Bancroft were below the PSQG-LEL (Table 4.8).

Manganese concentration in the sediments, exceeded the PSQG SEL of 20 umol/g dw for the
majority of the sites, except at DUN2, MCC1, ELT1, QKEI1, CTR1 and CTR2 (Table 4.8). The PSGQ
LEL of 8.4 umol/g dw for Mn was reached at all the sites near Bancroft and Elliot Lake, except for
CTR2 (Table 4.8).

For both the Elliot Lake and Bancroft regions As concentrations were at or above both the
CSQG-ISQG (0.08 pumol/g dw) and PSQG-LEL (0.08 umol/g dw) for all sample sites (Table 4.8). The
CSQG-PEL, however, was at or exceeded the DUN1, ELTI1, QKE1 and CTRI1 sites, while DUN1 and
QKEI exceeded the PSQG-SEL for As, by 1 and 2 times, respectively (Table 4.8). Similarly, Cd
concentrations exceed or where at the CSQG-ISQG (0.01 pumol/g) and PSQG-LEL (0.01 umol/g) for all
sites except the QKE1 sites, which was below the ISQG and LEL value (Table 4.8). Only the DUNI, a
reference site, exceeded the CSQG-PEL for Cd. No site exceeded the PSQG-SEL (0.09 pmol/g dw) for
Cd (Table 4.8).

The DUNI site also exceeded the CSQG-PEL (0.44 pumol/g) for Pb (Table 4.8). Mean Pb
concentrations exceeded both the PSQG-LEL (0.15 pmol/g dw) and CSQG-SEL (0.17 pmol/g dw) at
all sediment sampling sites (Table 4.8). Only QKE1 and BOW1 exceeded the PSQG-SEL (1.21 umol/g
dw) by approximately 1.7 and 4.0 times, respectively for Pb. In terms of the CSQG-PEL (0.44 umol/g
dw), DUNI1, QKEI1, CTR1, SID1, SID2, and BOW1 and BOW2 exceeded this level for Pb (Table 4.8).
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Interestingly, sediments from the reference lake, TNM, had high concentrations of metals
present, most notably Cr and Ni at the TNM1 Site (Table 4.8). The concentrations of Cr and Ni at the
TNMI site were on average 10 and 27 times higher, respectively, compared to concentrations measured
in sediments at different sampling sites in the Elliot Lake region (Table 4.8). The mean Cr
concentration in the sediment (7.9 umol/g dw; Table 4.8) was approximately 4.6 times higher than the
CSQG-PEL of 1.7 umol/g dw. Overall, Cr concentrations were above the PSGQ LEL of 0.50 umol/g,
and below the PSQG SEL of 2.1 umol/g dw for all other sampling sites near Elliot Lake (Table 4.8).
Chromium levels, however, were below PSGQ LEL for all sampling sites in the Bancroft region (Table
4.8).

The mean Ni concentrations were at or above the PSQG LEL of 0.27 pmol/g dw for all sites in
the Elliot Lake region and the BOW, SID and BEN sites near Bancroft (Table 4.8). The TNM1 was the
only site that exceeded the PSQG SEL of 1.28 pumol/g dw for Ni (Table 4.8). The mean Ni
concentration for the TNM1 sediment was approximately 14 times higher than PSQG-SEL (Table 4.8).
No available CSQG were available for Ni.

Mean Cu concentrations were above both the PSGQ-LEL (0.25 pumol/g dw) and CSQG-ISQG
(0.56 pumol/g dw) at all sampling sites, except for the INT and CTR2 sites where mean Cu
concentrations in the sediment were below the CSQG-ISQG. Only the TNM2 and QKE1 exceeded the
PSQG-SEL (1.73 umol/g dw) for Cu by approximately 2 and 1 times, respectively. No sites exceeded
the CSQG-PEL (3.1 umol/g dw) for Cu in this study.

The mean Zn concentrations were all above the PSQG-LEL (1.84 umol/g dw) and the CSQG-
ISGQ (1.88 umol/g dw), but on average 4.2 and 1.6 times below the PSQG-SEL (12.5 umol/g dw) and
CSQG-PEL (4.82 umol/g dw), respectively (Table 4.8).

Uranium concentrations in the sediment were between 10-80 times higher for ELT2, QKEI,
BOWI1 and BOW?2 sites when compared to the references lakes (Table 4.8). Although there are
currently no sediment quality guidelines for U in Ontario or Canada, the severe effect level (SEL) value
of 14.3 umol/g dw for U derived in the Thompson et al. (2005) study using the SLC approach for U
released from U mining and milling activities in Northern Saskatchewan and Ontario was not exceeded
at any of the study area sites. But the LEL of 0.13 umol/g for U estimated in that study was exceeded at
ELT2, QKEI, BEN1, BOWI1 and BOW?2 sites (Table 4.8; Thompson et al. 2005).

Thompson et al (2005) also derived the LEL and SEL for the metals Mo, Se and V. When the
Mo, Se and V concentrations in the sediment in this study were compared to the Thompson et al. (2005)
estimates, Mo concentrations only exceeded the LEL of 0.09 pmol/g dw at TNM1, SID1, SID2, BEN2,
BOWI1 and BOW?2, with no site breaching the SEL of 5.6 umol/g dw. Nevertheless, the LEL of 0.01
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and 0.54 umol/g dw for Se and V, respectively, were exceeded at all sites in the Bancroft and Elliot
Lake area (Table 4.8; Thompson et al., 2005), with the SEL of 0.06 umol/g dw and 1.5 pmol/g dw for
Se and V, respectively, being exceeded at QKE1, and TNM?2 for Se and MCC1, MCC2 and ELT1 for V
(Table 4.8; Thompson et al., 2005).

4.3.5 Metal concentrations in field Periphyton and TetraMin

The metals Al, Fe and Mn were the highest compared to the other 24 metals analyzed in the
periphyton collected near the Elliot Lake and Bancroft sites (Table 4.9). The confidence intervals in
Table 4.9 were very wide making it very difficult to determine reliable metal concentrations estimates
in the periphyton. Metal concentrations in the TetraMin were very low in comparison to those measured
in the periphyton (Table 4.9). For example, U concentrations in the TetraMin were about 200 times
lower than that for the lowest U concentrations measured in the periphyton collected at DUN3 (Table

4.9).

4.3.6 Metal Concentrations in H. azteca in the field

Hyalella azteca were collected at all sites except QKE Lake. The absence of the H. azteca at
QKE Lake was probably due to the sparse macrophytes along the shoreline at this site. This is not the
ideal habitat to find H. azteca due to limited food source and coverage from predation (Strong, 1972).
Out of the 27 metal concentrations measured in these animals for the Elliot Lake region, the metals Al,
Be, Cr, Cu, Fe, Ga, Mn, Mo, Ni, Pb, Sb, V, and Zn were found to be the highest in the tissues of the H.
azteca collected at TNM (Table 4.10). Hyalella azteca collected from MCC Lake had the highest metal
concentrations in their tissues for the metals Ag, Bi, Co, La, Rb, Se, Tl and U when compared to the
other lakes in this region (Table 4.10). For instance, the concentrations of Fe and Pb measured in the H.
azteca at TNM were about four times higher than the metal concentrations measured in H. azteca
collected at DUN, MCC and ELT Lake (Table 4.10). Similarly, Ni and V concentrations were about six
and three times, respectively higher at TNM compared to the other Lakes in the Elliot Lake region
(Table 4.10). In addition, Co concentrations in H. azteca at MCC Lake were about three times higher
compared to the other sites near Elliot Lake. Interestingly, H. azteca collected at DUN, a reference
lake, had Cd concentrations that were on average three times higher than Cd concentrations at other
sites within the Elliot Lake region (Table 4.10).

In comparison to the Elliot Lake sites, metal concentrations in H. azteca collected near
Bancroft were on average lower, except for the metals B, Li and Sr. Both B and Li in H. azteca at the
Elliot Lakes sites were below detection limits (BDL; Table 4.10). The highest metals concentrations in

the H. azteca collected in the Bancroft region were found at CTR, a reference lake, for the metals Cd,
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Co, Mn, Pb, Sb, and Se. Cadmium and Mn concentrations were six times and three times, respectively
higher in H. azteca collected from CTR in comparison to the H. azteca collected at SID, BEN, BOW,
and INT. The metals B, Sr, U, V and Zn were the highest in H. azteca collected at BEN, while the
metals Be, Cu, Fe, La, Li, were the highest at BOW. The metals Cr, Mo, Rb, and TI were reported to be
the highest in the H. azteca collected at INT (Table 4.10).

Alves et al. (Chapter 3) found that there was a significant relationship between body size and U
bioaccumulation. Table 4.10 reports both standardized (US) and non-standardized U-body
concentrations in H. azteca. Body size was standardized to 0.20 mg dw, the geometric mean when the
dry weights of all the animals collected in the field from both study areas were pooled together. U
concentrations in the standardized and non-standardized animals did not vary by much (Table 4.10).
This may be because the animals at these sites were similar in size. The three highest U concentrations
reported in the H. azteca from highest to lowest were collected at BEN (2.5 nmol/g), MCC (1.9 nmol/g)
and BOW Lake (1.5 nmol/g; Table 4.10).

4.3.7 Sediment Toxicity Tests: Metal Bioaccumulation and survival

For the majority of sites, metal concentrations in H. azteca exposed to the SAM water were on
average lower than those exposed to the site waters (Table 4.11). Hyalella azteca exposed to the
overlying site water and fed TetraMin or periphyton diets had approximately the same or lower total
metal concentrations, on average, in their bodies when compared to total metal concentrations measured
in the field collected H. azteca (Table 4.10; Table 4.11). The exception to this was for the metals and
metalloids concentrations of Ag, As, Ba, Cd and Fe in the Bancroft region, whereby these
concentrations were consistently higher in the H. azteca used in the sediment toxicity tests than the field
collected H. azteca (Table 4.10; Table 4.11). In addition, Cd bioaccumulation in the H. azteca used in
the cone sediment toxicity tests for the DUN-site was the same as that measured in the field collected
H. azteca, at around 430 nmol/g dw, a Cd body concentration that was close to the four-week lethal
body concentration causing 25% mortality (LBC25) effect level of 640 nmol/g dw derived in
Borgmann et al. (2004; Table 4.10; Table 4.11).

Uranium concentrations in the cultured H. azteca were also standardized to 0.30 mg dw, the
geometric mean when the dry weights for all the animals from both study areas were pooled (Table
4.11). U concentrations in the standardized and non-standardized animals did not change by very much.
Uranium bioaccumulation in H. azteca (Table 4.11) was on average between 2-20 times lower than
those of the H. azteca collected in the field (Table 4.10).

Animals fed the periphyton diet had on average about the same or higher total metal

concentrations in their bodies than animals reared on TetraMin diet at both the Elliot Lake and Bancroft
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study regions (Table 4.11). Due to the wide variation in the confidence value and the small sample size
(n=1), in some cases (Table 4.10; Table 4.11), a significant difference in total metal accumulation
between animals fed the different diets could not be inferred. The same was true when trying to
determine if there was a difference between metal accumulation in H. azteca exposed to the overlying
site waters versus those exposed to the overlying SAM waters (Table 4.11).

For H. azteca exposed to the overlying SAM water and fed TetraMin, survival was maintained
between 90-98% for all sites (Fig.4.4). Survival for the site waters was at or below 50% for all lakes,
except at BEN (82%), BOW (72%), and MCC (55%) for animals reared on TetraMin (Fig.4.4).

Mean survival for animals exposed to overlying site water and fed contaminated periphyton
was at or below 60% (Fig. 4.4). For ELT, MCC and INT, mean survival was similar between those fed
TetraMin versus those fed the contaminated periphyton (Fig. 4.4). Metal concentrations in the H. azteca
were also approximately the same for animals fed the TetraMin versus periphyton diet at these sites
(Table 4.11). For QKE-SITE mean survival (23%) was higher in animals fed the periphyton diet than
those fed the TetraMin diet (7%). Survival was around 13% and 27% for animals fed periphyton and
exposed to site water from BEN and BOW, respectively. These mean survivals were about 6.3 and 2.7
fold lower than for animals exposed to site water and fed the TetraMin diet. When comparing the metal
body concentrations in the animals fed the periphyton versus those fed the TetraMin for the BEN and
BOW sites, metal body concentrations were similar except for the metals Al and As, which were on

average about four times higher in animals fed the contaminated periphyton (Table 4.11).

4.4 Discussion

4.4.0 Bioaccumulation and sediment to water saturation models for U

Uranium concentrations measured in cultured H. azteca exposed to waters and sediments
collected in the field at purportedly contaminated sites, with the exception of BEN and BOW, were at
or close to the mean background concentration (95% confidence interval) of 0.12 (0.03) nmol/g dw
measured in H. azteca exposed to reference overlying waters and sediments (Table 4.11; Table 4.12).
This mean background concentration in H. azteca was similar to the background concentrations of 0.09
to 0.16 nmol/g and 9.2 to 13 nmol/g in H. azteca reported by Alves et al. (2008) and Roberston and
Liber (2007), respectively.

Uranium concentrations at some sites (Table 4.10; Table 4.11) were also close to the
background U water concentrations of 0.03 to 0.99 nmol/L measured at the reference sties in this study
and in the Alves et al. (2008) study, where background concentrations in the overlying water ranged
between BDL to 0.47 nmol/L (Table 4.10; Table 4.11). This may explain, why at some sites such as

MCC, the observed versus predicted ratios were close to unity when applying the water-
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bioaccumulation saturation model proposed by Alves et al. (2008; Table 4.12). Taken together, the low
concentrations of U in the H. azteca and water in this study are not sufficient to properly test the water-
bioaccumulation saturation model. The U bioaccumulation and water data should be significantly
higher than background concentrations. For example, U concentrations in H. azteca and water in this
study were on average 90 times lower than mean LBC10 for H. azteca (29 nmol/g) and 50 times lower
than the mean LC10 (72 nmol/L) estimated in Alves et al. (2008) study using 10SAM; a water medium
that was more sensitive to U toxicity.

Only the BEN and BOW sites had measured U concentrations in field collected H. azteca and
in situ lake water, were high enough to test the water-bioaccumulation saturation model, using a max of
73 nmol/g and the a’ and b’ estimates of 0.042 pmol/L and 2.02E+05 from the Alves et al. (2008) study
(Table 4.1; Table 4.12). The observed/ measured ratios were 0.9 and 0.3 for the BEN and BOW Lakes,
respectively. This suggests that the model could potentially be used in a first-tier risk assessment given
that the observed accumulation matched the predicted accumulation within a factor of 3.3.

The bioaccumulation-saturation model was tested using data from Robertson and Liber (2007),
who exposed caged H. azteca in situ to surface and pore water for 4 days near an active U operation
(Rabbit Lake) in Saskatchewan, Canada. Uranium concentrations in the Roberston and Liber (2007)
study were significantly above background levels in the water and H. azteca and within the U
concentrations used to derive that the water-bioaccumulation model in Alves et al. (2008) study. The
overall observed/predicted ratios were within a factor of 4.6 using the Robserton and Liber study after
adjusting for steady-state (Table 4.12; Chapter 3). The water-bioaccumulation model under-predicted U
bioaccumulation in the H. azteca at all sites, except the Horseshoe Pond surface water site (Table 4.12).
This can be problematic, despite the observed/predicted ratios being within a factor of 4.6, because this
would result in an under-estimation of U toxicity in the H. azteca by a factor of up to 4.6. Nevertheless,
the water-bioaccumulation saturation model may be a potentially good tool in a first-tier risk
assessment to predict toxicity in H. azteca exposed to U concentrations in the water phase (pore or
surface water).

Diet may have a significant effect on metal accumulation in aquatic animals (Wang and Fisher,
1999) and thus affect the water-bioaccumulation saturation model predictions. Borgmann et al. (2007)
investigated the relative contribution of food collected in the field and water to the bioaccumulation of
27 metals and metalloids in caged H. azteca near rivers affected by metal mining and found that Cd, Cu
and Se were the only metals in the food that had a significant effect on whole body accumulation.
Despite there being a 6.5 fold concentration range of U in the food in the Borgmann et al. (2007) study,
there was no effect of U concentrations in the food on total U concentration in the H. azteca. This is

most likely the case in this study given that U bioaccumulation in the H. azteca was quite constant
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between animals fed the TetraMin versus the periphyton diet after accounting for body-size (Table
4.11) and given that U concentrations of up to 1100 nmol/g were reached in the periphyton at some
sites (e.g. QKE and BOW; Table 4.9). For example, the H. azteca/periphyton ratio was 3.0E-03 for the
QKE and BOW sites whereby U concentrations in periphyton was 1100 nmol/g dw and U
concentrations in size-standardized (US) H. azteca were around 2.8 (Table 4.9; Table 4.11). This
suggests that U in the periphyton was not bioavailable to H. azteca. It also indicates that U in the diet
did not have an influence on the water-bioaccumulation saturation model predictions.

The water-sediment partitioning saturation model proposed by Alves et al. (2008) under-
predicted U concentrations in the sediment when using U water concentrations measured in the
overlying SAM water, and for most sites using the site overlying water, while over-predicting U
concentrations in the sediment using the lake water (Table 4.12). However, the water-sediment
saturation model cannot be tested critically with the majority of naturally contaminated sediments
collected in this study, except for the BEN and BOW sites using the lake water, and the BOW site using
site water, because U concentrations in the overlying and lake waters, as mentioned above, were low
when compared to the Alves et al. (2008) study. When testing the water-sediment partitioning model,
the observed/predicted ratio was 2.0 and 1.1 for the BEN and BOW sites, respectively, using U
concentrations measured in the site overlying water (Table 4.12). However, the observed/predicted ratio
was 0.03 for the BEN and 0.35 for the BOW site when using U concentrations in the lake water to test
the water-sediment partitioning model. This suggests, at least for the U concentrations measured in the
lake water, that the uranyl ion used to spike the sediments in the Alves et al. (2008) study had a higher
binding to the spiked-sediments than in the field sediments. This is more likely due to U being more
available to bind during the sediment spiking procedure than in the field. Taken together, this suggests
that the water-sediment saturation model derived in the Alves et al. (2008) study cannot be used with
natural contaminated sediments to predict toxicity because the partitioning of U from field sediments
into water will be less than predicted using the water-sediment saturation model, and thus toxicity will
be under-estimated.

Although U redox speciation in the sediment was not determined, the sediment surface was
oxygenated for two weeks prior to the start of the experiment and throughout. Thus, there is reason to
believe that the surface-bound U would most likely be in the U(VI) form, given U(V]) is the major form
of U in oxic environments, whereas U(IV) is the major form of U in anoxic environments (Markich,
2002). However, if U was still in the U(IV) form, this may explain the lower U concentrations in the
SAM water and sites with similar pH (Table 4.5; Table 4.6), because the U(IV) can easily precipitate
and remain immobile (Markich, 2002) in the sediment. However, the low concentrations of U dissolved

from the sediment to the SAM water and to sites of similar pH may also be due to the mere fact that U
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concentrations in the sediment were low and potentially not available to partition into the overlying
water at higher pH (8).

When measured U concentrations above background levels in the surface water from the
Robertson (2006) study were used to test the water-sediment partitioning saturation model, the
observed/predicted ratios were within a factor of four for these sites (Table 4.12). However, for the sites
using U concentrations above background in the pore water (Robertson, 2006), the observed/predicted
ratios were around 0.04 and 0.1 (Table 4.12). Thus, the water-sediment partitioning saturation model
appears to work for U concentrations in the surface water, but not for U concentrations measured in the
pore water. Given that the observed concentrations of U in the sediment (Csed) were the same using the
surface versus the pore water, a plausible reason as to why the water-sediment partitioning saturation
model predicted higher U concentrations in the sediment using the pore water is a higher concentration
of DOC or humic substances in the pore water than the surface water. The DOC may be heavily
complexing the U (Markich, 2002) and thus increasing U concentrations in the pore water. For example
DOC concentrations in this study were on average ten times lower in the surface water, when compared
to the pore water in the Robsertson (2006) study (Tables 4.3, 4.4). Taken together, this suggests that the
water-sediment portioning model may be an appropriate first-tier assessment tool for regulators to
quantify U concentrations and predict sediment toxicity under natural contaminated sediments with
above background U surface-water, but not pore water measurements.

The data set used in this study and from other published sources are not adequate to
sufficiently validate the above saturation models. A further development of the water-sediment
partitioning saturation model may need to include other water chemistry parameters such as DOC in the
water especially in instances were U concentrations in the pore water, rather than the surface water, are

needed to predict U concentrations in the sediment.

4.4.1 Overall risk assessments for metals

The approach proposed in the Aquatic Effects Technology Evaluation program (AETE; ESG,
1999), a Canadian government-industry program that reviewed appropriate technologies for evaluating
the impacts of mine effluents on the aquatic environment, can be used to assess the impacts of metals in
the Elliot Lake and Bancroft regions. This is achieved by addressing the four questions: (1) Are
contaminants getting into the system? (2) Are contaminants bioavailable? (3) Is there a measurable

response? (4) Are the contaminants causing this response?

4.4.1.0 Are the contaminants getting into the system?
The concentrations of the metals in the water and sediment demonstrate that metals above

background levels are present in the lakes sampled at Elliot Lake and Bancroft (Table 4.5-4.6; Table
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4.8). However, sediment profiles were not conducted in this study to quantify temporal and spatial
trends in contamination due to natural, pre-mining, post-mining and current metal concentrations. The
sampling device used in this study, the mini-polar grab, does not sample from a defined depth. Thus,
the sediment in these grab samples is most likely a mixture of surface and pre/post-industrial sediment
that are variable and not equally distributed. Therefore, it cannot be concluded that metals that were
measured in the sediment collected in this study were from recent metal depositions. As such, the metal
and metalloids measured in the sediments are not sufficient to definitively answer the question “are the
contaminants getting into the system?” in this study.

Consequently, measured metals and metalloids concentrations in the surface water can be
useful to answer the question “are contaminants getting into the system?” When the geometric mean of
the metals and metalloids measured in the field collected water (Table 4.5) near Elliot Lake and/or
Bancroft were compared to the metal and metalloids concentrations measured in the lakes surrounding
the decommissioned mines/mills and tailings management areas, it appears that some metals and
metalloids may still be getting into the system. For instance, the metals and metalloids Al, As, B, Ba,
Be, Ga, La, Li, Mo, Ni, Rb, Se, Sr, T, U , V and Zn measured at the various contaminated sites near
Elliot Lake area were elevated when compared to the reference lakes, TNM and DUN (Table 4.5). For
the Bancroft area the metals and metalloids B, Cr, Ga, Li, Mo, Ni, Rb, Sr, and U were higher in the
contaminated lakes than the reference lakes, CTR and SID (Table 4.5). It is suggested that the higher
levels of the metals and metalloids in the contaminated sites versus those of the reference lakes (Table
4.5) may be due to metals/metalloids run-off from the decommissioned U mine/milling and tailings
management areas or potentially the desorption of the metals/metalloids from the sediment, given that
the majority of the elevated contaminates at these sites (e.g. As, Mo, Se and V) are mostly associated
with U mining and processing activities. The use of statistics could be inferred here to determine if
there were any significant difference between metals concentrations in the contaminated and the
reference lake. However, the sample size (n) was three for each individual site near Elliot Lake and two
for the Bancroft region making the statistics unreliable.

Interestingly, the metals Al, Co, Fe, La and Li were between 8-25 times and 10-50 times higher
in the water at CTR Lake when compared to the reference lake (i.e. SID), and the contaminated sites
(i.e. BEN, BOW, and INT; Table 4.5), respectively, for the Bancroft study area. These high metals at
CTR Lake could not be explained, especially given that the sampling site for this reference lake was

upstream of the tailings management area and the decommissioned mine (Fig. 4.3).

4.4.1.1 Are contaminants bioavailable?
The metals As, Fe, Mn, Cd, Cr, Pb, Ni, Zn and U exceeded the PSQG-PEL and the CSQG-

ISQG at some sites (e.g. TNM, DUN, BEN, BOW; Table 4.5), but this does not guarantee that these
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metals are bioavailable to cause an adverse effects to benthic organisms. The sediment compositions for
the majority of sites in this study were composed mainly of clay and silt particles (Table 4.7). Clay
sediments, for example, are known to retain metals more strongly than sandy sediment thus rendering
some metals to be less bioavailable to cause adverse effects to organisms. Complexation of U to organic
carbon and Fe and Mn oxides in aerobic sediments and to sulfides associated with Fe in anaerobic
sediments also influence metal bioavailability (Sibley et al., 1996). The elevated levels of Fe and Mn in
the sediments at the majority of sites in this study compared to the other metals analyzed, may have
limited the bioavailability of other metals. This is because Fe and Mn oxides are considered major
scavengers of other metals such as Cu, Pb, Ni and Zn under acrobic conditions (Tessier et al., 1996).
The influence of overlying water chemistry may also influence metal bioavailability in the
sediment, especially when the sediment concentrations are below the SQG. For instance, Alves et al.
(2008) found that with increasing overlying water pH (around 8), the desorption of U from the sediment
into the overlying water increased. However, the majority of U in the overlying water was not

bioavailable because the uranyl ion was probably bound as a calcium-carbonate complex (~62-68%).

A more direct way to answer the question “are the contaminants bioavailable” is to measure
metal bioaccumulation in the animal. This is because the effects of sediment and water chemistry on
metal bioavailability, speciation and uptake in the animal are all taken into account (Borgmann et al.,
1991; Borgmann et al., 1998; Borgmann and Norwood, 1999; Borgmann, 2000; Alves et al., 2008).
When comparing metal concentrations measured in H. azteca collected in the field (Table 4.10) versus
cultured H. azteca used in the sediment cone toxicity tests, (Table 4.11), metal concentrations measured
in the field were often higher than H. azteca measured in the cone sediment toxicity tests. However,
these differences were not significant, given the wide variance between field collected H. azteca and
cultured H. azteca (Table 4.10; Table 4.11). Thus it appears that some contaminants are bioavailable,
because they were bioaccumulated in these animals.

What is interesting is that some metals appeared to be just as bioavailable, and sometimes
more, at some of the reference sites when compared to the study sites. A case in point is Cd
bioaccumulation at the DUN site for H. azteca collected in the field and in the sediment toxicity tests
(Table 4.10; Table 4.11). At this site Cd concentrations in the H. azteca were the same at around 430
nmol/g dw, approximately 2.6 and 9.3 times higher than metal concentrations measured in the field-
collected and sediment-test H. azteca, respectively, from the other contaminated sites near Elliot Lake
area (Table 4.10; Table 4.11). Similarly, the same was true for CTR lake, a reference lake, whereby Cd
bioaccumulation in the H. azteca collected in the field (9.9 nmol/g dw) or in the sediment toxicity tests

(69 nmol/g) was about 6 and 22 times, respectively higher than in the tests with contaminated sites
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(Table 4.10; Table 4.11). Overall, this suggests that there does not seem to be any impact due to mining,
i.e. the reference lakes had higher metal concentrations than the contaminated sites, but some metals are
nevertheless bioavailable at some of the sites, given that metal concentrations were measured in the H.

azteca (Table 4.10; Table 4.11).

4.4.1.2 Is there a measurable response?

A benthic community structure analysis may confirm the presence of adverse effects to
organisms under natural conditions. However, it cannot quantify or determine a specific cause-effect
relationship between the organism and the metal concentrations. A more direct way to determine if the
metal concentrations in the sediment and water are toxic to animals is to conduct a sediment toxicity
test that exposes organisms to these contaminated sediments and waters. The only drawback of
sediment toxicity tests are that the test conditions do not necessary reflect the conditions found in the
field. Hence, a benthic community analysis or an in situ bioassay alongside a toxicity test may be
required (OMOE, 2003).

Although, a benthic community analysis was not conducted in this study, sediment toxicity
tests were. It terms of a measurable response via the sediment toxicity tests, there was no effect (i.e.
mortality was greater than 90%) when animals were exposed to the natural contaminated sediments and
the SAM overlying water (Fig.4.4). However, there were some effects (i.e. mortality) using the site
overlying water, but this toxicity was not significant different (P <0.05) between the contaminated sites
and reference sites (Fig. 4.4). Thus, it cannot be claimed that this measurable response was due to past

mining operations.

4.4.1.3 Are the contaminants causing this response?

The CSQG and PSQG are based on associative information, spiked-sediment toxicity data and
field data, and not on a site specific basis, thus making it difficult to identify and evaluate a cause-effect
relationship between a metal or metals and the biota (CCME,1999; Jaagumagi, 1992). They also do not
take into consideration the effect of water chemistry. Therefore, comparisons of sediment metal
concentrations with sediment quality guidelines may predict that an effect may be taking place at the
site of interest, but not the cause of this effect. The same is true when comparing metal concentrations

in the water to water quality guidelines.

If the critical body concentrations (i.e. LBC25) that cause toxicity for the different metals are
known (Tables 4.10-4.11; Table 4.13) it may be possible to identify the metal or metals that are causing
the measurable response. Studies (Borgmann et al., 1991; Borgmann et al., 1998; Borgmann and

Norwood, 1999; Borgmann, 2000; Alves et al., 2008) with H. azteca and the metals Cd, Pb, Tl, and U

120



have shown that metal bioaccumulation is a more reliable indicator of metal toxicity than water or
sediment concentrations for metals that are not regulated or sequestered by the animal. For example,
Alves et al. (2008) found that when H. azteca were exposed to different water chemistries, varying
hardness and alkalinity independently, that the LC50 measurement in the water varied over 50 fold,
while on a body concentration basis it varied only 2 fold. However, body concentrations cannot be
successfully employed for metals that are able to be regulated such as Cu and Zn, or stored, because
there may not be a clear relationship between bioaccumulation and toxicity (Borgmann, 2000).

According to Table 4.13, and ignoring the possible physiological regulation of Cu and Zn, one
might suspect that there could be some form of adverse effect or toxicity taking place for the TNM-
SAM and QKE-SAM treatments based on the calculated one-week LBC25 measured/effect ratio of
0.78 for Cu at TNM and 0.70 for Zn at QKE Lake. However, the sediment toxicity tests show no
toxicity to H. azteca exposed to the SAM overlying waters from these sites and all other sites near the
Elliot Lake and Bancroft region for the SAM overlying water (Fig. 4.4). For H. azteca whereby Cu and
to an extent Zn concentrations are regulated by these animals, a bioaccumulation-toxicity relationship
may not be suitable (Borgmann and Norwood, 1995; Borgmann, 2000). In these situations the overlying
metal water concentrations and the critical water concentration from toxicity tests may provide
additional information (Borgmann, 2000). In this case, both the Cu and Zn concentrations at the TNM-
SAM and QKE-SAM were well below the LC25 and LC50 effect concentrations for Cu and Zn in the
water (Table 4.13; Table 4.14).

Survival was around 72 and 82% for the BOW and BEN Lake, respectively, for H. azteca
exposed to the site waters and fed TetraMin (Fig. 4.4). Despite U concentrations in the water exceeding
the PWQO of 21 nmol/L, by 5 and 6 fold for BEN and BOW, respectively, the high pH (~8.0) and
hardness (200-280 mg/L CaCOs; Table 4.6) at these sites could have limited the bioavailability of this
metal. For instance U bioaccumulation in the H. azteca (Table 4.11) was well below the LBC10 of 32
nmol/g for a similar water chemistry for H. azteca exposed to U-spiked sediments (Alves et al., 2008).

The low survival for CTR (8%) and QKE (7%) for animals reared on TetraMin and exposed to
site overlying water may be partly explained by the low pH of 6 in the water, a pH value which the H.
azteca do not tolerate (Table 4.4; Fig. 4.4). The concentrations of Al, Cd, and Pb in the site overlying
water at CTR Lake and Cd, and Mn concentrations in the site overlying water for QKE Lake (Table
4.6) may have also contributed to the measurable response. The measured/effect LC50 ratio based on
one-week toxicity tests and compared to the metals Al, Cd, and Pb measured at CTR Lake was 0.23,
0.19, and 0.22, respectively. The measured/effect one-week LC50 was 0.44 and 0.39 for Cd and Mn,
respectively at QKE-site (Table 4.6; Table 4.14)
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Cadmium bioaccumulation (69 nmol/g dw) in H. azteca exposed to CTR-SITE overlying water
was approximately 0.11 the LBC25 of 637 nmol/g dw for Cd in soft water, while the measured/LBC25
effect ratio was 0.14 for Pb (Table 4.13). There is currently no LBC25 estimate for Al for H. azteca.
Based on the available published data, it appears that the metals Cd and Pb may have contributed to the
measurable response at CTR-SITE.

Cadmium and Mn bioaccumulation in the H. azteca exposed to the site overlying water at QKE
were about 20 and 29 times lower than the four-week LBC25 of 637 and 4400 nmol/g for Cd and Mn,
respectively (Table 4.11). The metal body concentrations for the metals Co, Cr, and Ni were elevated in
the H. azteca exposed to QKE-SITE (Table 4.11). Although the water hardness was about 75 mg/L as
CaCQO; at QKE (Table 4.4), the measure/ LBC25 effect ratio was calculated to be 0.81, 0.41, and 0.79
for the metals Co, Cr and Ni, respectively, using a four-week LBC25 estimated in water hardness of
130 mg/L as CaCO; (Table 4.13). It may be suggested that the metals Co, Cr, and Ni may be exerting
some adverse effects to the animals exposed to QKE water (Fig. 4.4).

Although there was a 50% survival of H. azteca exposed to the SID overlying site water and
fed TetraMin, this measurable response could not be explained. Iron levels in the H. azteca (15000
nmol/g dw) were about 1.4 times higher at SID-SITE when compared to CTR-SITE and about 8 times
higher at SID lake when compared to the other lakes in this region (Table 4.11). Gillan et al. (2004)
found that the amphipod Urothoe poseidonis living in the burrows of Echinocardium cordatum
frequently had Fe-encrusted coatings on their appendages and sternites in the winter. However, in the
summer they were not coated with Fe. The uncoated amphipods in the summer were suggested to be
related to the death of the Fe-covered amphipods (Gillan et al. 2004). The same can be taking place
here, whereby Fe accumulates on the surface of the animals to an extent that it blocks physiology
activities on the surface of the animals or prevents the animals from doing daily activities such as
gathering and eating, thus explaining the 50% survival at SID-SITE (Fig. 4.4).

The low survival for the DUN-SITE (27%; Fig. 4.4) may be associated with Cd and Zn
concentrations in the water given the measured/effect (LC50) ratio of 0.92 and 0.35, respectively for
this site (Table 4.14). Cadmium bioaccumulation in the surviving H. azteca from the sediment toxicity
tests (430 nmol/g) and those collected in the field (also 430 nmol/g) for the DUN-SITE were on average
three times higher than other Cd concentrations measured at other sites (Table 4.10; Table 4.11). The
measure/ LBC25 effect ratio was 0.68 for Cd at DUN-SITE (Table 4.14). Thus for the DUN-SITE it
appears that toxicity may be partially due to Cd concentrations in the water, given that the
bioavailability and toxicity of Cd to the H. azteca is primarily due to the dissolved metal (Warren et al.,

1998).
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Zinc bioaccumulation could have also contributed to a measurable response given a measure/
LBC25 effect ratio of 1.2 (Table 4.11; Table 4.13). However, this body concentration was similar to
those for the animals in the SAM overlying water, where survival was greater than 90% (Fig. 4.4). This
is probably because Zn may be partially regulated in the animal (Borgmann and Norwood, 1995) and
thus not a good metal to use a bioaccumulation-toxicity relationship on (Borgmann, 2000). In fact, both
Cu and Zn concentrations, which may be regulated by the H. azteca, were close or above the four-week
LBC2S5 effect of 2200 nmol/g and 1800 nmol/g for Cu and Zn, respectively, for amphipods exposed to
the site water (Table 4.11; Borgmann, 2004). However, these body concentrations were no different to
Cu and Zn body concentrations measured in the H. azteca exposed to the SAM water, where survival
was greater than 90% (Table 4.11; Fig. 4.4), and where measured Cu and Zn in the site overlying water
were about 11-660 and 10-1200 fold lower than the four-week LC50 estimates for Cu and Zn,
respectively, in hard water (Borgmann et al., 2004; Table 4.6).

The low survival at TNM (40%), ELT (37%) and MCC (55%; Fig. 4.4) for H. azteca fed
TetraMin and exposed to the site overlying water could not be explained. However, Cd water
concentrations were about the same (~0.30 nmol/L; Table 4.6) at these sites. The one-week LC50
measure/effect ratio was on average about 0.23 for these waters using the one-week LC50 of 1.3
nmol/L for Cd estimated in Borgmann et al. (2005; Table 4.14). When bioaccumulation measurements
for the metals Co and Cr were compared to the four-week LBC25 estimates from Norwood et al. (2007)
for TNM, the measure/ LBC25 effect was 0.61 and 0.23 for Co and Cr, respectively. Similarly, the
measure/LBC25 effect measurement for Co was 0.24 for ELT. For INT the low survival of 40% could
not be explained by the available data.

For ELT, MCC, and INT, mean survival was similar between those fed the TetraMin versus
those fed the periphyton diets (Fig. 4.4). Metal concentrations in the H. azteca were also approximately
the same for animals fed the TetraMin versus periphyton diet at these sites. For QKE mean survival
(23%) was higher in animals fed the periphyton diet versus those fed the TetraMin diet (7%). Metal
bioaccumulation for the metals Co, Cr, Mn and Ni were apparently higher in the animals fed the
TetraMin diet than those fed the periphyton diet (Table 4.11) at QKE. The four-week LBC25
measure/effect ratio using the estimate (280 nmol/g dw) was 0.78 for animals fed the TetraMin diet
(Table 4.11; Borgamann et al. 2004) at the QKE. Similarly, for Co and Cr, the four-week LBC25
measured/effect ratio was 0.81 and 0.42, respectively (Table 4.11; Borgmann et al., 2004). It could be
suggested that Co, Cr and Ni were some of the metals that may have contributed to toxicity present at
QKE for animals fed the TetraMin. However, toxicity could not be explained for those animals fed the

periphyton diet.
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Survival was around 13% and 27% for animals fed periphyton and exposed to site overlying
water from BEN and BOW, respectively. These mean survivals were less than the mean survival
measurements for the animals fed the TetraMin diet and exposed to the site water at BEN (82%) and
BOW (72%) sites. When comparing the metal body concentrations in the animals fed the periphyton
versus those fed the TetraMin for these sites, metal body concentrations were similar except for the
metals Al and As, which were on average about four times higher in animals fed the contaminated
periphyton (Table 4.11). The four-week LBC25 measured/effect ratio, using the LBC25 estimated in
hard-water (83 nmol/g) for As was 0.45 and 0.37 for BEN and BOW, respectively (Table 4.14). A four-
week LBC25 is not known for Al for H. azteca. One could suggest that the metals As and Al from the
water and food were the contaminants responsible for this response, but the concentrations of these
metals were comparable to the metal concentrations measured in the site water and periphyton for the
other sites (Table 4.6; Table 4.9). The overall low survival in all the animals fed periphyton diets at all
sites may be the result of the poor nutritional quality of periphyton and not the metals in the
environment. In other words, periphyton may not have provided the adequate nutrition for growth and
survival of H. azteca, whereas the TetraMin diet is specially formulated to provide the proper nutrition
for this species.

Overall, the sediment toxicity tests do show that toxicity does exist at some sites in the Elliot
Lake and Bancroft regions, however, the contaminants causing this measurable response could not be
predicted for all sites. The only metal strongly implicated in contributing to toxicity is Cd at DUN.
Low pH of about 6.0 at some of the sites (i.e. CTR-SITE and QKE-SITE) may have also contributed to
the poor survival of the H. azteca. The sediment toxicity tests suggest that toxicity in these regions was

not due to U concentrations in the sediment, water and H. azteca (Tables 4.6, 4.8, 4.11)..

4.5 Conclusion
A water-bioaccumulation model could not be properly validated to quantify metal

concentrations in the H. azteca under natural conditions because most water and body concentrations of
U were low and often close to background. The water-sediment binding model was suggested to be an
appropriate model to predict sediment toxicity using natural contaminated sediments and surface U
water measurements. It appears that metals Al, As, B, Ba, Be, Ga, La, Li, Mo, Ni, Rb, Se, Sr, Tl, U,
and V may be entering the aquatic environment at some sites when compared to the reference lakes.
Some of these metals were also bioavailable to the H. azteca when measured on a body concentration
basis at some of the sites. There was toxicity present in this study, but it was not due to U
concentrations in the sediment, water or bioaccumulation by the H. azteca. At some sites toxicity may

have been partially due to the bioaccumulation of the metals Cd, Cr, Co or Ni by H. azteca, or to low
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pH. For other sites it could not be inferred if this toxicity was due to metal concentrations in the

sediment, water or H. azteca.
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Table 4.1 Table of coefficients® for Eq.(s) 2, 5 and 6

Constant Estimate
max (nmol/g dw) 73
a (pmol/L) 0.042
b 2.2E+06
a' (pmol/L) 0
b' 170
max" (nmol/g dw) 7500
a" (pmol/L) 0
b" 2.0E+05

Estimates from Alves et al. (2008)
H" units in umol/L
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Table 4.2 Sampling locations of field collected sediment, water, H .azteca and periphyton

Site Depth
Location 1D Laditude (N)  Longitude (W) (m) Collection type”
Elliot Lake Area
Ten Mile Lake” TNMI1 46 °31'23" 82°45' 55" 100 Sediment/water
(TNM) TNM2 46°31'28" 82°45' 55" 20.0 Sediment

TNM3 46 °30'15" 82°48' 25" 0.30 Periphyton/H.azteca
Dunlop Lake” DUNI1 46 °29'40" 82°42' 32" 46.5 Sediment/water
(DUN) DUN2 46 °29' 35" 82°42' 18" 20.0 Sediment

DUN3 46°29'18" 82° 42' 44" 0.30 Periphyton/H.azteca
McCarthy Lake MCC1 46°19'42" 82°26' 30" 29.5 Sediment/water
(MCC) MCC2 46°19'39" 82°26'33" 20.0 Sediment

MCC3 46°19'37" 82°26' 40" 0.60 Periphyton/H.azteca
Elliot Lake ELT1 46 °23' 34" 82°40' 55" 30.6 Sediment/water
(ELT) ELT2 46°23'41" 82°40' 56" 20.0 Sediment

ELT3 46°23'50" 82°40' 52" 0.80 Periphyton/H.azteca
Quirke Lake QKE1 46°27' 42" 82°33' 38" 20.0 Sediment/water
(QKE) QKE2 46 °30'08" 82°33' 08" 0.30 Periphyton
Bancroft Area
Centre Lake® CTR1  45°00'35" 78° 02' 54" 17.4 Sediment/water
(CTR) CTR2  45°00'37" 78°02' 51" 10.0 Sediment

CTR3  45°00' 39" 78° 02' 55" 0.70 Periphyton/H.azteca
Siddon Lake® SID1 45°01'44" 77° 54' 22" 18.2 Sediment/water
(SID) SID2  45°01'45" 77° 54' 26" 10.0 Sediment

SID3  45°01'46" 77° 54' 29" 0.30 Periphyton/H.azteca
Bentley Lake BEN1 45°01'35" 77° 54' 47" 11.5 Sediment/water
(BEN) BEN2  45°01'35" 77° 54' 49" 10.0 Sediment

BEN3  45°08' 33" 77° 54' 56" 0.30 Periphyton/H.azteca
Bow Lake BOW1 45°01'02" 77° 55' 29" 15.2 Sediment/water
(BOW) BOW2 45°01'00" 77° 55'31" 10.0 Sediment

BOW3 45°01'05" 77° 54' 35" 0.60 Periphyton/H.azteca
Inlet Bay INTI  44°58'49" 78° 01' 40" 15.7 Sediment/water
(INT) INT2  44°58' 57" 78°01'47" 10.0 Sediment

INT3  44°59'08" 78° 01' 54" 0.50 Periphyton/H.azteca

‘Field H. azteca were also collected for background metal

analysis in the field
PReference Lake
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Table 4.7 Sedimentology

Composition (%)

Organic Inorganic Total
Site Moisture carbon carbon carbon Sand  Silt Clay Classification
TNM1 89 8.0 0.14 8.1 048 60 39 Clayey Silt
TNM2 92 8.3 0.25 8.6 0.69 62 37 Clayey Silt
DUNI 80 9.5 0.40 9.9 037 65 35 Sandy Silt
DUN2 90 2.9 0.26 32 9.0 67 24 Clayey Silt
MCC1 82 52 0.16 5.4 0.19 61 39 Clayey Silt
MCC2 83 3.8 0.11 3.9 0.53 53 47 Clayey Silt
ELTI 89 7.0 0.03 7.0 0.40 58 41 Clayey Silt
ELT2 89 6.6 0.14 6.7 1.7 63 36 Clayey Silt
QKEl 92 NM NM NM NM NM NM NM
CTR1 88 19 0.46 20 039 29 71 Silty clay
CTR2 94 13 4.2 17 0.71 35 65 Silty clay
SID1 93 13 24 16 054 41 58 Silty clay
SID2 95 17 33 20 035 29 71 Silty clay
BEN1 95 20 3.2 23 027 29 71 Silty clay
BEN2 94 19 4.2 24 031 28 72 Silty clay
BOW1 93 8.0 0.73 8.7 031 44 56 Silty clay
BOW2 92 6.5 0.13 6.7 043 44 56 Silty clay
INT1 88 13 0.13 14 0.11 35 64 Silty clay
INT2 91 13 0.19 13 0.18 38 62 Silty clay

n=1
NM indicates not measured

140



713d DOSD 9U} SPasIXa 10 (%SGZ UIYIM) SO[O S| aN[eA Sy} Jey) SS)eolpu|

DOSI DOSD 9} SpasdXa 10 (%G UIUIIM) 9500 S| oN[eA s JeU} SSJBoIpU

713d 9OSd 9U} SPa99Xa 10 (%GZ UIYHM) 8SO[D SI dN[eA Y} ey} salealpu

7137 90Sd 8Y3 SPaaaxa 10 (%Gz UIYIM) 8SO|d SI dN[eA dy} Jeyl sajeslpu

(6661 ‘INOD) Iora s10943 8lqeqoid-T3d ‘dullepnD ANenD JusWIpas UIWIBIU-DDS] ‘eulaping ANenDd juswipes uelpeue),
SewnBeer) |aneT sjoaye 8|qeqoid-13d ([OA8] 1988 1S8MO|-137 ‘OLEBJUQ JO 82UINIOd 8y} JO} auljapIing Ajllen)d) Juswipas [edIuIn0id,

8V 61 e1 8T Te¢ 0¢ 8¢ | €v O¢ €¢ v 6¢ 8¢ uz
080 T A 0¢ Gl 00 060 060 950 A
180 L0 200 $00 200 200 200 SO0 200 N
L00'0 L00'0 L00'0 2000 1000 1000 L00'0 LO0O0 1000 IL
/00 2€0 80 €50 €£0 8l'0 G0 20 220 IS
900 200 200 200 200 200 SO0 900 €00 S
0L0'0 2000 €000 2000 2000 1000 2000 LOO0O #000 4asS
€00 910 020 6£0 920 600 2L'0 910 oO0L0 i
1440 10 21 GT'0 0CZ 9€0 €€0 6c0 TEO 8¢0 980 600 G20 ad
€T /20 090 890 850 880 8.0 v€0 160 090 8T IN
800 200 200 €00 200 100 ¥00 €00 650 ON
0z ¥'8 ZT ve A v ST ZT Y4 v e UN
800 9 6L 587 9¢C L'l 9¢0 2L 620 U1
980 60 80 LSS0 0¥0 /20 6£0 0SS0 SZ0 ®I
LL'0O 600 LL'O 8L0 ZLO 900 800 00 t00 ®D
082 08 00Sr 099 069 O00TT O£ 062 0sy 06 0.8 °d
[ 9S50 LT G20 LT S0 S90 680 €T 660 €T [534 ST D
L'l 20 12 050 T90 ¢80 TT ST 0T 80 0.0 T80 6. D
o0 920 6¥0 190 9¥0 6L'0 920 9¢0 880 ©O
€00 100 60°0 100 000 TOO 200 200 T0O T00 S00 200 200 PO
90'0 2000 €000 €000 €000 200’0 9000 2000 2000 4
¥00 €L'0 20  ¥L'0 010 600 9L'0 120 LL0O °d
ol z'l z'l 8l z'l 260 Gl 'L 980 ed
920 260 60 LLO0 €S0 ¥1'0 €20 920 S50 4
€20 800 v°0 800 080 €T0 €0 09T0 0910 0OT0 | 9%0 TT0 <220 sV
0/Z 086 000L O0O¥L 066 06§ 028 02¢ 089 IV
L00 €000 €000 €000 €000 1000 #00'0 2000 €000 3V
73d 90SI 73s 737 TIMO 2113 TL13 ZODJN TOOWN ZNNAQ TNNA ZWNL TIANL
o(Mmp B/jowr) 90sD  (Mp B/j0wr) OOSd ealy ayeT 1013

141

pIdl} 8y} Ul Pa}oa||00 JuswiIpas 4o} (Mp B/jown) sisAjeue |ejow usaas-Ajuam| ' d|qe L



13d DOSD 8} SPI8OX3 10 (%SGZ UIYIM) 8SOJd SI N[EA Y} Jey) Sa)edlpu|

DOSI DOSD oUF SPedIXa 10 (%G UIUJIM) 950 ST oNjeA au) Jey) Sejeoipu]

73d 90OSd 8y spasdxa 10 (%GZ UlYlim) 8S0[d SI anfeA ay) 1ey) saledlpul

7371 90Sd 8yl Spasdxa 10 (%GZ Ulylim) 8so|d SI anfeA ayl eyl saleodipul

(6661 ‘ANDD) 19A97 S108YT 8|qeqoid-13d dulleping Ajilen jJuswipag ulwRUI-DDS| Bulleping AjllenDd juswipes uelpeuey,

(z661 ‘IBeWNBEEr) [9A97 S1084)0 9]qBqOId-Td ‘|OAS] 10948 }SOMOI-TTT ‘OLBJUQ JO 8OUIAIOH dY} IO} SUIlEpIND AJllenD JUSWIPSS [eIUIAOId,

R4 61 €T 8T 9'¢ 9¢ 9T 8¢ ve S¢C 43 9¢C 0¢ 0¢ uz
ol z'l ¥2°0 L1 66°0 el 890 €0 190 €l A
ZLo ¥1L0 Al ee LL'0 610 600 800 200 €00 n
2000 2000 LOOO €000 LOOO 2000 Z00'0 2000 LOO0 2000 IL
00 S90 €T 0¢ v 9y A 860 650 290 IS
200 200 200 200 ¥00  $00 ¥00 $00 200 €00 eN
#0000 S00'0 +¥00'0 9000 G000 S000 /000 6000 9000 LLOO A4S
800 800 SZ0 820 00 800 600 SO0 /00 100 Qd
1440) 10 21 GT'0 0¢0 TE€E0 €10 67 2€0 ¢€0 G¥0 ¢ro 60 980 ad
€T 120 020 020 920 TL0 ¥20 820 2€0 820 L0 12O IN
¥00 €00 6£0 +¥2Z0 SL'0 800 ZLo 620 200 900 oW
0z '8 12 eY S Sz 0z 0€ 2z 9¢ L'y L6 upN
6'l el GZ 2% ¥.’0 060 ¥6'0 090 650 0S50 1
980 860 06 €l G6°0 A’ Gl z'L 90 610 e
/00 00 ¥L'0 620 SO0 900 800 /00 SO0 100 €D
082 08¢ vl 69 005 09¢ €9 Wi z. 0Lz 62 96 ad
L'e 960 LT G20 8€0 6£0 690 /80 090 20 ¥Z70 2,0 v€0 650 ny
L'l 2.0 12 0S50 8€0 €0 ¥20 e€¥0 120  €£0 /€0 820 €20 920 o)
lZ0 220 090 €0 GO0 110 9Z0 6L0 9L0 S20 0D
€00 100 600 100 200 200 T00 TOO TOO0 TOO 200 200 TOO <200 PO
1000 2000 L000 L0O0O 2000 2000 2000 2000 2000 Y000 1q
€10  ¥L'0 080 8¢ 00 €10 LL'0O  0L'0 200 600 og
el 9L A" 2¢ 16°0 z'l 6L 6l ¥8°0 9l e
z'l el L'6 9'6 Ll el 8l 120 220 IS0 q
€20 800 v¥'0 800 600 OTO 200 TT0 600 600 ZT0 T¢cO0 800 G20 sy
0GS 0GS (017474 006 0SZ 062 09¢ 082 0G¢ 0S¥ v
1000 2000 2000 <2000 L0O0 L0OO 2000 2000 1000 +¥000 S8V
73d 908l 73S RER ZINI  TINI ZMOg9 TMOY ¢N3g TIN34 Zals TAIS 2d1D THlLD
o(mp B7jowm) 90sO  (mp B/jowr) 5OSd ealy jjoloueg

(penunuo2) pial} 8y} ul pe1os||0o Juswipas Jo) (mp Bjjown) sisAjeue |ejaw usAss-Aluam| g'v 8|qe |

142



€=U ‘(|eAIB)UI 80USPIIUOD %,GE) UBaW se pajodal elep ||y

(eg) 0041 (0oosv) 0011 (09¢) 00LL (092) 082 (092) 0t9 (0012) 0O¥E (0o08z) 000¢  (0Z€) 00LL (0029) 008Y (092) 00Z1 (oge) 002z Uz
(65°0) 8°2 (0g2) 065 (e2) oLz (011) 0s€ (z9)oie 88:89 (081) 062 (o) 081 (02¢€) 0sg (8¥) 06¢ (s2) 082 A
(L0°0) 0Z°0 (06€) 0.€ (022) 0041 (€2) 29 (1) 9¢ eV e (0001) 0011 (82) 011 (082) 022 (gg0) 0 @ ¥9 n
(L0'0) 900 (02 ez (££0) 1970 (81°0) ¥€0 (90°0) 82°0 :wo:m (va)ee (90°0) 8¢°0 (81)s) (€0°0) L2°0 (6z0)SF0 1L
(89) 00G 1 (088) 0001 (0¥6) 000% (018) 0081 (z2) 06¥ (oog1) 0og L (ozL) oL (€9) omw (0s2) 0g2 (e¢) 00z (e2) oge IS
LV (z¢) R (0'6) 9L (ovzs (o) 22 (Lt (82) o¢ (020 (81) 8L (z90) €1 (z¢) vz oS
(zoo)oro (€¢e)6 (¥5°0) 021 (92°0) 1970 (zz0)zeo (ze)oe (61) 8 (y10) Nwo (02) ¥ (g5'0) 69°0 (lrozi qs
(v2) 18 (05 ::N (z2) a5 (18) 82 (v€) 00l (0s2) 0.2 (58) €9 (01) g (88) ¥8 (1e) o (671 ev Qy
(Zg0) 8L (00€) otz (62) 6. (62) 29 (6'6) LT (ov1) 091 (05 vowm (£1) 88 (069) 005 (61) (81) ozL ad
(g6°0) 81 (029) 0¥ (00L) 0¥ (v8) oLz (z¥) ov) (0s2) 082 (00z1) 00LL a@os (0002) 00S} (12) 061 (z8) ove IN
(1e'0) 06 (95) 05 (z1) g (ov) 2L (€2 ¢ (z¢) 82 (z2) 26 (69°0) '€ (81) gL (¢6°0) LG (z8°0) 0'g ON
(1) 065 (0000£9 Zoooom :0008%) 0000€L (00082) 00016 (0089) 00O¥L  (000€Z) 0000LL (000002) 0000} (0098) 0000%S (00002Z) 00006} (00SE) 0009k  (0029)0006L  UN
(1) oL (0082) 0022 (081) ove (o¥¥) 0091 (022) 0041 (00L2) 00%C (022) 0gS (0z1) oy (oovL) 00} (061) 015 (081) 06v ]
(60°0) S¥'0 (018) 029 (o1€) o% (0s2) 00S (6€) 081 (0£1) 002 (0g2) 052 (62) 0L (023) 09¥ (£°8) 2y (51) €8 e
(sz0)9c (88) 29 (£8)6 (v1) 2¥ (6'%) 82 (og1) ovL (1e) 9¢ (%) 61 (¥v) 6€ (gv) 5 (1e) e 129)
(0£1) 0oge aoooo:v88@888:88@,@88:oooomsoows 00005} (0000S8) 000026 (0000EE) 88@885 000091 (00009€) 0000€€ (00092) 00002 (000GL) 00009} 2
(1) ogL (oo¥) 09¢ (ool) ove (z6) ove (8g) 0Lz (ov¥) 0LS (0£3) 065 (¥v) oLz (0oozL) 028 (Lv) ozz (g€) oze ny
(91) €l (062) OtC (9¢) 16 (¥9) 051 (12) ozt (0zg) 09¢ (ov1) oLz (9v) 021 (061) 061 (¥2) oLz (ze) 00z o)
(zeo)ze (0L voww (L¥) ovL (9¥) 0z1L (G1) 02 (002) 022 (0z8) 88 (0L2) OvL (00z2) 88 (6'6) 98 (ze) 12 0D
(Lo)ge (1e) o (81) ¢ (G9°0) 21 (2€0) ¥9°0 (Lv)ve (g1 e (26'0) 89 (c2) 8 (¥2) e9 (2¢) PO
(61°0) 220 (98°0) Bo (v1'0) evo (£1'0) 220 (Y00) 910 (e)el (9¢) o (91°0) 99°0 (671)9 (£1°0) 280 (01°0) 96°0 1q
(€00) €50 (9000) 9000  (S00°0) 2000 (£00°0) Y000  (€00°0) ¥00'0  (L00°0) LOOO (G2) 28 (9°6) z¥ (82) 99 (12) 1¥ (9°¢) 1¥ og
(99) (00s9) 0065 (000L) 008z (0Z€) 00ZL (0ooz1) 0091 (0092) 00V (0oose voomm (ogg) 0002 (00 voomv (051) 000} (o¥¥) 0061 eg
(zg)ozg  (oooLL) 0oozL  (00Sk) 000ZL  (00ZL) 0022 (009L) 82 (000€) 00.2 (0£6) 002 (082) 0091 som ) 0002 (¢6) 021 (012) 099 q
(92) z¢ (001) €6 (¥8) v (g1) oz (0 ¢ (19) €9 SEOQ (0°2) 08 (66) /8 (0¢) 82 (9°9) 8¢ sy
)

(00g€) 0005€ (0000Z€) 0000 £Z (000£2) 00099 (0001G) 00008} (000.E) 889 (0000zS) 000066 (00001} 1) 0000} (000}€) 00002} (000061) 000081 (000S) 0000£E (000L2) 0000YL 1V
(£0°0) 96°0 (¥6°0) 620 (01L°0) 2£°0 (G1'0) 82°0 (¥0°0) 010 (65'0) 59°0 (55°0) 220 (80°0) 92°0 (62°0) 1L9°0 (50°0) 62°0 (c00) 220 @ 3V

uiNee L €LNI EMOd EN34 €4IsS €410 [ENI0) (AN E €00 ENNd ENNL

Saye|} Ysl UINe}@ | pue pjal} 8y} Ul pajoa||od (mp b/jowu) uojiydiad 1oy sisAjeue [e}jow UBASS-AJuam| 6’ d|qeL

143



€00eQ se 1/bw g ~ Jo sseupJey Jajem e Ul (8002) [E 18 SSAY WOl 83.N0S eje(,

€00e) sk 7/Bw gl ~ Jo Ssaupley Jajem e Ul (800Z) ‘[e 10 SSAlY Wolj 82In0s eled,

€0De) se /6w ¢} ~ Jo ssaupley Jajem e Ul Sajewi}se [apow uoljelinies ay) buisn ($00gz) ‘|e 1@ uuewbiog wouy 89In0s eleq,

€00oeD se /6w QgL ~ sem ssaup.ey Jsjem sbeisAy ‘sejewlise |opow uopelnjes ayy buisn (£00Z) ‘|e 1o uuewebiog woJj 824n0s ejeq,

¢00eD se /6w Oz~ Sem ssaupiey J9je A\ "SSJeWNSe PajdaLIod pases|o InB Y gz ey Buisn (L00z) [e 30 POOMION wol) 8INn0S ejeq,
mp Bw (Z1°0) 0Z°0 01 ( [eAI8)UI ©IUBPLUOD %GE) PSZIIBPUB)S USS] BARY Jey) S|ewiue sajedipul SN,
Z=U ‘19|u| pue Asjuag pue g=u ‘mog pue I\ ua] 4o} 1dedxa ‘p=u

,0081 (091) 068 (z6) 056 (0'6) 0011 (ov) 068 (¥9) 026 ~ ,(00,2) 002 ,(00ST) 0022 ,(OET) 00LT ,(00E6) 00ZL UZ
(££0) 890 (67°0) L'L (82) 9¥ (¥2°0) ¥6°0 (8€70) ¥'1 (Fe) s (0'¢) 9 (91L) 2y (12) 91 A
L€ 1.€€ (050) 0°Z (L1 oe (€2 1's (zz'0) 990 (€10) L0 (eg0)z'L (¥9°0) 2'} (6L0)ge0  (80°0) ¥¥O SN
L€ €€ (15°0) 01 (08'0)G'L (02)se (8000)620  (20°0) €20 (zo)v'L (ez0) 6L (oro)ec0  (ez0)iv0 N
,09¢ (€00°0) 250 (620°0) £2°0 (¥00°0) 220 (€00) €20 (#0°0) 82°0 1ag (16°0)92°0 1ag Jag IL
(086) 00G1 (0g2) ooy (0029) 0092 (0s2) 0082 (0og) 00zZ¥ (¥6) 0061 (0L1) 00L) (091) 0081 (06g) 088 IS

(¥9) 21 (V)88 (01) 91 (z9) el (672) 22 (re) v (9¢) €2 (e1) 2z (81) 2z EN

(FL0)0L0 (£00) LLO (110) ¥0°0 Jag (5100510 (z'1) 980 (g1 g1 (G9°0) L'} (ev)ee qs

(91) oLe (676) 002 (%) 061 (GL)oiz (€78) 062 (g1) ozz (02) oge (g€) 092 (€5) 082 QI

,l8 Jag Jag 7ag 7ag (150 9¢ (6'6) 172 (11) 86 (AN} (22) 92 ad
,082 (se)os (e es (o) z1 (6€) 62 (z1) 81 (0og2) 0¢L (ov1) 051 (2'9) 85 (oozl) 022 N
(L2°0) oL (€90 €8 (Lz2 (ec0) g8 (88°0) €8 (L1) L' (19°0) 0'8 (1) 92 (0°9) ¥1 o

4,000t (0s¥) 0€s (v2) ove (00€) Oty (99) 0Lt (ovL) 0oL L (58) 00L1L (oeg) 002 (09v)ooeL  (ol6) 0OLZ U
(oz1) ovL (€6) O¥L (se) ve (SL1) 0L (oL1) ovL Jag Jag Jag 7ag T

(99°0) ¥8°0 (€0)sL (¥Z'0) 260 (z1'0) 190 (€1°0) 86°0 (02 ¢e (z2)8s (ze0) 180 (22)1¢ v

(01L°0) ¥6°0 (800) v2°0 (90°0) 160 (50 260 (¥0°0) 98°0 (1€0) 260 (9g70) 0'L (s€0) ¥6°0 (G1) 8L [29)

(001) 019 (06%) 0021 (0zZ1) oy (0zz) 0ooL (09z) 028 (009%) 00Ssy  (006€) 00SS  (00SL) 00LY (00022) 0008L o4

,0022 (092) 0011 (52) oogl (0zz) 00LL (021) oogL (18) oozL (091) 0091 (08) 0091 (012) oogL {0/€)008T MO
(0S1 (L2)s2 Jag (lzoee (Lroz (12 L'y (92) 2¢ (0°g) 62 (Lv) L1 (6S) €9 D
406 (z90) 22 (2€0)9°€ (8€)L's Ly (16°0) 62 (sv) ezl (¥'9) o¥ (9¢) 9'6 (g9
079 1,00€ (65°0)G'L (9z0) g1 (ez0) 6L (AN (98'0) 6'6 (61) 061 (0'9) ovL (62) 0EY (orL)ogL  PD
(z00) 200 (600°0) 9000  (500°0) LOO (Z10)0L0 (10°0) €00 Jag (9170) 800 Jag (too) o0 g

(60°0) €€°0 (€2°0) 850 (L¥'0)6L°0 Jag Jag Jag Jag (91°0) 800 (6200510 o4

Jag Jag Jag (o1€) 0gz (0z¥) 0LS (012) oot} (0z1) 069 (0g2) 0021 (oov) oS  ed

(091) 011 (oo1) 061 (06%) 08¢ Jag (021) €1 7ag Jag Jag 7ag q

«£8 1ag 1ag 1ag 1ag 1ag (6'v) 82 (e2) 92 (v'2) ez (8¥)oz sV
(092) 0zZ¥ (062) 065 (6%) 00EL (oogv) oooe  (ooct) ootl | (0o62) 00v2  (00%) 00LS (0088) 00021 (000.2) 000LZ 1V

(100°0) €200°0 (L000°0) 90000 (5000°0) L00'0 (£000°0) ¥000°0 (¥000°0) 2000 (02°0) G’} (¥9°0) 9°€ (€£°0) G'L (p2°0)¥8°0 3V

(b/10wu) CLNI £Mog ¢€N3g €alIsS €410 SIRE! €OON eNNa SINNL
G204 Meam-inoj ealy }joioueg ealy e 10113

plal 8y} ul edaize'H Jo) (Mp B/jowu) SiSAjeue |elaw usaas-AjJuam] (L 'p d|qel

144



40081 00.L 00le (092) 08zL  (0v9) 0091 (0ze) 0ovL (z8) 000L  (06) 00LL  (0LZ)00El  (02) 096  (00LL)00LE (cl)ose  (ose) 00Ek (9v) 026  UZ
1ag 1ag (soo)szo (L'L) Ly Fer  (ogozr (w90se (L)oe  (9g0) 2L (69'0) €70 (Lz0)s'L (9200vz (69002 A

oL€ HEE Le 150 (og0)zs'0 (010060 (89°0) €0 (9z0)ze0 (ZL0)ovo (600060 (vOO)El0  (200) 100  (S000 L0 (1O wL'O (200)SL'0 SN
oL€ HEE 3> 880 (czo)ero (21°0)€50 (16°0)95°0 (cz0)620 (1€0) 190 (LL'o)elo (€020 (200)200 (YOOI OLO  (PL'O)ZLO (200)¥L'0 N
a09¢ €8°0 1as (990081 (s00)e20 (0M)T) (2z0)8g0 (9z0)ee0 (Pr0)290 (PL'0)990  (22)ee (czoer  (re)gz (L1°0)280 1L
09 00. (¢2)ove  (ovi)oock (008) 00sL  (12) 062 (8g)ocg  (091) 0g2  (82) 092 (otv) 00S1 (99)0zz  (oozL) 008l (5'9) 09z IS

62 1ag (7'e) oL (¥0°0) 1L )6y (90008 (L2 68 (12268 (880 €9 1ag (82°0) 0’6 (2v)gs  (e1)e8 oS

L¥'0 z (¢0'0) 200 (50°0) ZL'0 1ag (11'0)0L°0 1ag (z1L'0) 900 (g5€70) 020 (€'1) 820 (zoo)soo  (ov'0)Lzo (0L°0)900 dAs

08¢ 06% (sg) 02 (26)ozz  (0g) ozz (Le) g (£2) ov¥ (02) ogv (v1) 0Z1L (¥S) 0zz (z¢) sy (ogL)ovz (0w ey  ad

a8 €l 69 roer  (gzz (8909 (eroet (zoglL (e (€L (99) e (g0 et (zVoz (sv0)880 dd
4082 €€ 0ze (e sz (81) 8¢ (o) 9e  (ge)o2L  (8¥)0¢E (€s) es (61) 6€ (¥2) es (0e) ez (sv)2¢ (Ve N
€50 Jag (95000t (ozo)se0 (ev)oz (090 ey (s1)890 (6v)0L0  (8L)TY Jag (9z°0) v'e (0edze (S0¥e oW

2000%% (X4 0051 (s¥) ooz (oz¥)osy  (ogse) 0oL  (ovz) 08¢  (00L) 099 (00ZL) 008k (0¥2) 029  (00ZL) 0O¥L (00z) 005  000L1) 006¢ (0GL) 0SE U
1asg 1asg 7ag 1ag 7ag 1asg Jag 7ag 7ag Jasg Jag Jag 1ag n

9/ 0L (8L'0)9e0 (¥€0 090 (L2ze (Lo (ev0olzz (ZV)z  (¥00)€z0  (94°0)S80 (zo0)gz0 (800)6%0 (0LO)LED BT

S¥'0 6L (€01 €80 (€00)¥¥0 (€60) 290 (¥1°00060 (LL°0)G50 (¥8°0)290 (90°0) €60 Jag (2o0)ve0  (eL)zL (L000660 €D

ooee oove (ogg) ool (oev) ooLL  (0gs) 0091  (08¢) ool  (069) 00GL (0vS) 008L  (0t2) 096  (0¥S) 00LL (ore) oozt  (0s2) oock (002) 026  °d

40022 00.L 00zl (os1)oovl  (9g)0ost  (obv) 00sk (064) 0O¥L (0ve) 00ZL (0€w) 0021 (ovL) 0ovh  (08€) 005+ (0vi) 009L  (0002) 00ZZ (0S€) 00LL NO
051 145 19 (02) 8¢ (91) 1 (8) L1 (o) 1e (090 64 (z¢e) 9z (12) G1 (1°2) 98 (Lro)ge (oe)ve  (L'2ddee 10
.06 vi €L (z2) vi (9°1) 6€ (82) ze (€'v) 61 (6'9) 9¢ (€1) 62 (r's) 6L (89 €L (82) 1z (ool)ss  (eg)oe 0D
079 :400€ 8c ze €v 2o (v ie ve)1g  (02)ve  (vh)ve (21) 2 (S2) 11 (092) og (w1) ve (e8)zs (622 PO
1asg 1as Jag Jag Jas Jas Jasg Jag Jas Jasg Jag Jasg 1asg 19

1asg 1as Jag 7ag Jag 1ag 1asg 7ag 7ag Jasg 7ag 7asg 1ag eg

00§l 06/ (oor) oz (0¥) oocL  (085) 022  (81) 09z  (092) 00SL (00€) 0€9  (2¥) OS2 (oL€) 00€ L (¢8) 0gz (0ze) 065 (zv) 091  eg

Jag Jasg Jag Jag Jag (91) o8 Jasg 7ag Jag Jag Jag Jag Jasg g

€8 Jag Jag Jag Jag Jag (o) 9L Jag Jag Jag Jag (1e)ze Jag (be)eL sy
0062 006 (0os1) oogl  (0zz) 0091 (00€2) 00vZ (008) 001 (00Sk) 0021 (oge) oLz (028) 00ZL  (0OL) 0OEL (088) 00zL  (0052) 00ZZ (0¥9) 009L IV

8l 1ag (6L0)6v0 (L1 G (1) 21 (8870)0 L  (£0°0) L¥0 7ag (8°0) vt 1ag (6200960 (£60)€2°0 (220)950 by
(6/10wu) d-3M0 3LS-IMO  WVS-IMO d-113 31S-1713 WVS-113 d-OOWN  3LIS-OOWN  WVS-O0W  3LIS-NNd AVS-NNA  3LISWNL VS-ANNL el

G¢Od1 Xeam-Ino}

ealy Apnis joli|3

S¥98M Jnoy Joj uojAydiad Jo UINBNS] Pa) PUB SjUBWIPSS Pajod||00 plal ‘Joyem BUIABAO VS JO J1|S 0} pesodxe Bda)ze ‘H Ul SUOHEUSIUOD [BISN || ¥ S|qel

145



£00eD se 7/Bw ¢| ~ Jo ssaupiey Jsjem e ul (800Z) ‘[ 18 SeAlY Wol) 80Inos ejeq,

£00eD se /6w g ~ Jo ssaupuey Jajem e Ul (800Z) ‘I 19 SOAY WO 0.N0S ejeq,

€00e) se /6w ¢| ~ JO ssaupiey Jejem e ul Sajewljse [spow uonelnies ay) Buisn (y00z) ‘e 18 uuewbiog woly 821n0s ejeq,
€00e) se /6w Qg ~ Sem ssaup.ey Jajem abelaay ‘sajewiiss [spowl uoneinjes ayl buisn ($00z) ‘|e 1@ uuewebiog wol) 82IN0S eleq,
£00.D se /6w 0Z|~ Sem ssaupiey Isje A\ "SSjewse pajoaliod paies|d Inb upg ayy Buisn (£00Z)’|e 3@ POOMION WoJj 82IN0S ejeqd,
Jajem ayis BuiAl1eno 0} pesodxa pue uojhyduad pay spodiydwe sajeoipul-d4

J9)em a)is BulAl1ano sejeolpul-31|S

elpaw Jayem BuIA|JSAO [eolIlE BU) SB)eDIPUI-NYS

(Jeasayul @dUBpRUOD %GE) UBBW SEB pajodal Ejep |

d-MOg ‘d-N39 ‘LIS-H10 ‘d-IMO ‘JLIS-IM0O Joj |=u

Sa)is Juswiiadxe suod ‘d-173 ‘d-O0W ‘NVS-IMO Joj g=u

sjuswiiadxa auod 8y} 10} MOJag pajedipul asoy) Jo) 1daoxa ‘says ||e o) p=u

mp Bw (£0°0) 0€°0 03 ( |eAIBIUI BOUSPHUOD 9%, GE) POZIJEPUE)S U] 9ABY JBU} SB[IWIUE Sa}edlpul SN

40081 (LzJooe  (0z1)0z6  (I1¥) 006 ocy (091) 006 (z1) 068 0zL (ryole  (82) ov8 (ov2) 0gL (ev) 068 ov. (6c) 006 Uz
(9z°0)v90 (szo) 'L (8L0)6L0 Jag (210)ge0 (SL°0) ¥20 Gl (L1)gz  (ero)e0  (91)€Lo (8€0) 510 Jag (6€0) 670 A
oL€ pEE (so0)evro  (vL'0)ve'0  (90°0) 6470 6C (roe  (9r0) ¢l 90 (lgo)i'z  (8l'ovzo  (800)8L'0  (90°0)9L°0 ¥00'0  (€00°0)G0°0 SN
oL€ €8 (s0'0)g6'0 (01'0) L0 (0L0) 6ED Ty (ovze (290 1L 6v°0 (610)9L (zL'0)6L'0  (8000)6L0  (90°0) VL0 100 (2000)¥00 N
q09¢ (900 ¥'L  (9r0)¥80  (€z'0) 1L 610 (200)zz0 (¥0°0)8L0 zio (200) 210 (200210 (1z0) 250  (¥1°0)28°0 4 (8ro)zL 1L
(021) 000z  (z6) 00LZ (88) 09¥ 0048 (006) 00¥9  (9€) 065 00€9 (oovL) 00z (00L) 028  (0t2) 00.2 (08) 0z¥ 008¢ (eg)oey IS
(22°0) 02 (e2) L8 (1'v) oL L (872) 19 (z2)zl 8l (02)6'6 o1 11 (zv)zL (2 el Sl (o1 el ES
Jag (0z'0)ozo (200)0L0 9¢°0 (10)0L°0 (€00) 500 220 (600) LL'0 (200)9L'0  (2L'0) 920 (£00) 210 900 (e00)5L'0 as
(990) 08z (€£2) 0CC (29) ov oze (L2)ore (01) 19 0S1 (€1) oLL (62 1€ (1€) ove (L) or 08l (928 ay
a8 (ze0)og0 (8500250  (15°0) L2'0 1as (szo)izo (zo)soo  Tad (1'0) 00 (01°0) 62°0 1as (czo)eeo L (oc0)g80 ad
4082 1ag (e)ze  (Le)ev 9 (16) 65 (L2)ee 1ag ) ee ()6l 1ag (ov) 22 1ag (lte)oy N
(e ve (toodzy  (8¥0) vy 200 (610 (CHAWA A4 (620006 (6V°0) L€ (ra) ve (z1)ss Jag (€Lo) Ly oW
20007% (ogr)oee  (0se)oce  (02) 09¢ Jag (o81) 0ss  (0s2) 022 43 (v6) 09z (0vL) 022 (ov2) 022 (92) oLL 0054 (ke)og  um
1ag Jas Jag 1asg Jag Jag Jasa Jasg Jag Jas Jag Jag Jag 1
(090520 (510 L1 (zgo) L'l 9¢ (91) 2g (€1 v9 €€°0 (z1o)eso (e el (£00)€€0 (¥50)€L0 ge (92°0) 550 €1
(6000680 (500021  (¥00) L'L 68°0 (2z00) 1L (L) oL 68°0 (500) 'L (80°0) L'L (900) 2L (L00)Z'L L (y00) 1’1 €D
Jasg (0082) 00¥¥ (00¥L) 00LL oovl (029) 00zz (00Z€) 00LY 0081 (0091) 0021 (0L¥) 00€L (000LZ) 000SL  (00LZ) 00LZ 000LL  (069) 0091 o4
4002¢ (26)00zk  (eL)oogh  (62) 0OEL oovl (es) oozl (oob)ooor  ooel  (ovh)oowl (osi) oozl  (oiv)oozk  (0z€) 0OVl oovl  (96)00ZL  NO
L0SL 1asg Jas Jasg 1asg 1asg Jas Jasg 1asg Jasg Jas Jasg 1asg Jasg 10
206 (vv'0)6€ 612y (v 2r9 8 Gy (1) ey 8¢ (og0)ez (0€) o€ LVev (e ss vl (€2)c9 09D
,0¥9 1400€ (s1)6v vy e 1'e (svo) vl (880) 8L Ly @ve (ri)se (CrAk A4 (v s 69 (L9)ve PO
(10°0) LOO Jag Jag 200 (100) L0 (10°0) LOO €00 (100) 100 (z00°0) LO'O  (L0°0)20°0 (100) 200 10 (5000)z00 '
1aa (8s'0) 01’0 (52°0) 9¢°0 160 (6€°0) 2670 Jag Jagq 1ag (oz’0)6e0  (09°0) 9¢°0 Jagq [ (0L oro eg
(ovL) 06  (OLL) OL¥ (88) ogz 0.5 (s8) o8z (0zl)oze 092 (zs) 051 (¥9) 091 (081) 022 (06) 022 0041 (28)oez  eq
(ogt) 62 (0s1) sv (91) 9z Jag (€2) 051 (2 zy oLl (0€) 091 (82) 0¢ 1ag (2'8) €L Jag (1) z9 g
€8 (180 ze (Lo) L8 (€12 e (za)r2  (s2)6L L€ (1ol (Lo (1) g6 (0¢) L8 ze (0198 sy
(og¥) 0021 (0012) 00ZL  (0L€E) 089 0002 (0zz) 026 (0L) 0g8 00¥2 (0z1)06%  (06€) 0LG (0v9) 082 (06%) 022 (0] (oov) 029 v
10009z (0s0)8L (L1022 $5°0 (€0°0) 9¥°0  (¥1°0) 250 4 (€1'0) 120 (L00)L20 (ov0)zl (85°0) 9L 92 (zeo)vz by

(b/10wu) d-LNI 3LIS-INI INVS-1NI d-MOd  3JLIS-MO8 WVYS-MOd  d'N3gd  31IS-N3d  WVS-NIg 31I1S-aIS AVS-AIS  3JLIS-HLO WVS-HLD [elei

G204 %9dMm-Ino} ealy Apn)g yosoueg

(penunuoo) s)eam Jnoy 1oy uojAydiuad 1o UINEIIS| PO} PUB SJUBWIIPSS Pa}os||00 Il Jajem BUIABA0 VS 10 31|S O} pesodxa eda)ze 'H Ul SUOBJIUSdUOD [BJalN || 't 8|qel

146



UO[JeL}USDUOD ) POAIDSGO SU} PaJeDIpul S}xoeIq Ul sanjeA ‘a|qibiBau aq o} pawnsse si ( B) ymoib pue =} ‘62°0=2% ‘001(

1%

syuswsnipe ajeys Apesys 0} Joud Apnjs (2002) 49017 PUEB UOSHEGOY Ul BI31Ze "H By} painsesw

a-1) =(%69) a)eys-Apea)s jo Juaoiad alaym ‘g Jsydeyd wouy elep sy} uo paseq ajels Apes)s Joy vwgm:.—uﬁ

B/1owu 9yg =799 :(900Z) Uospeqoy wioy ejep Buisn,

B/jowu pz'6 =190 ‘shkep- 1oy pesodxe aiem sjewiue ‘Jojem a10d 8y} 0} pesodxe BoB)zZe “H ‘Sejedlpul Md Jejem 80epns o} pesodxa easIze'H S8jeslpul (S APNis (200Z) JoqIT PUB UOSHBQoY 8y} WOl ejed Buisn,
"3 SIY} S0P Pa)sa) Jou sem [apow uonjelnjes Buiuoniped Juswipas-1a)em 8y} SN "SUOREIUSIUOD PUNoIBIOE] MOjaq SIaM JUSWIPAS 8y} Ul SUONEIJUaoU0D ayeT AUUEDON
Mp B/lOWU LZ F Zb SBM SOMED Uesw 8y L'y 8|qe | Ul SenjeA sy} pue ™ 4 (M + S0y )Mo, xew + MO, 0=P>0 aieym ‘()'b3 Buisn pejoipeid sem Juswipas ay} uj M JO UOIRIUSIUOD pajolpaid,
SO)IS [0)U0D By} Jo} ‘AjoAnoadsal ‘Jejem axe| pue a)is ‘Y'S Buiklueno ayy o) pasodxa ©ds)ze ‘H Pajos||od pialy Jo paInyno oy Bjlowu QL°0 F 64°0 PUE ‘90°0 F £1°0 ‘€0°0 F Z1°0 Sem wue} 95 uesw ay
sjuswiiadxa aU0D B} Ul PASN Jou pue (G B|ge ) Jojem a0BLNS PajIa]|0d P[al) S} Ul PAINSEaW SUONEIUSIUOD M 0} S19JaJ Jajem axeT

L'y 8qeL U senjeA ayy pue P95 4 (Mo 4+ SO0y) Mo, xew =819 aseym ‘(1) 'b3 Buisn pejoipaid sem eos)ze “H Pajos||od pialy PUB PBINYND B} J0j Ul N JO uonenwNooeOIg,
Alenoedsal ‘sjuswiainsesw pjaly pue juswiadxe auod ay} 1oy Bw (Z1°0) 02°0 Pue mp B (¥0°0) 0€°0 O (S|eAISIUl 80USPHUOD %G6) PSZIPJEPUE]S-8ZIS S|BWIUEB UO Paseq a.e San[eA paAIasqo,

1’0 000092 000vL  L0-3€Y 89 0029 o(Md) Puod 80ysasioH
00 00005 0009} 20-30% 0L 00061 o(Md) puod umousiun
80 00081 000%)  00+3Z'L 99 0cy o(MS) puod soysesioH
9¢ 005 0009}  LO+3L'L L9 02s o(MS) puod umousiun
600 0ovL ocl §0-3.'S 8L 6'¢ 1’0 096 ocl ¥0-30¢ 1L 8l 60 0S1 ocl 90-36'S 6/ 9l NI
Se0 0099 00€z  Ss0-30v L. oclL Ll 0oLe 00€T £0-3¥'c L8 0SL L'S 0S¥y 00€C 90-3¥°L 08 L mosd
€00 009 ocl §0-36¢ L. oLl 0¢C ¥9 ogl 80-3¢°L 08 99 6L 0L 0gl £0-30°L 28 Sl N3g
120 008¢ 0L8 2¢0-30C €L 4 L 122 0L8 00+38'9 29 €T 8l (1144 0L8 20-3€v L'8 143 Mo
70 0¥S ove £0-308 28 &4 20 007 (044 10-3r'e 69 [ X4 L orl ore £0-3¢C 1’8 vy 1713
pajpIpald  (Bjowu) — (Bjlowu) (%) Q) papipald  (mp Bjowu)(mp Bjowu) (%) (/1owu) pajIpald (mp Bjiowu) (mp Bjowu) (%) (/10w)
/PAMIBSAO  pejoipald POAISSAO +NNOD Hd isyem ul /PaNIBSq0O papIpald PaMBSAO +NNOD Hd  Jejemul /PaAIBSq0O pejoIpald  POAISSQO +NNOD Hd oMUl
N painsespy N painsespy N painses|y
(siuswainseaw plald) Jayem axe (luawiadxa auo2) Jarem Bulk|Iano als (tuawiiadxa auo2) J1ayem Bulk|Jon0 WVYS
|opPON UoIeINIes buluoliled JUsWIpas-I1aje
€161 61 (001) 061 10-3€% 89 0029 »(Md) puod a0ysasioH
(zo o 08 (99) 18  z0-30% 02 0006} »(Md) puod umousun
(9°0)60 [0} 4 (€2 ve 00+3L'L 99 0.€ (MS) puod s0ysasioy
(ze)ov 44 (1) 001 00+32G €9 06% »(MS) puod umouxun
vl ¥l 0C §0-3.'S 81 6°¢ ¥'0 G8°0 €0 v0-30¢ L'/ 8l x4 810 6¥°0 90-36'S 6/ 9l NI
€0 4] 0¢ s0-30v L. ogl 1'g 650 0¢ £0-3vC '8 oSt 8V 120 €l 90-3¥'L 08 L Mog
60 'S 1'S §0-35¢C /'L oLl 29l €10 x4 80-3¢°L 08 99 9l SL'0 20 £0-30°L 28 Sl N3g
L'y 20-30C €2 L'y e G0 150 00+38'9 29 €T 9¢C 0 250 20-3€v L'8 143 MO
e 6¥°0 L'l 80-3¢'G €8 Ve €0 €70 S1°0 10-3r'e 69 160 Ll 4] €10 90-3€C 62 62°0 OO
[ %4 250 Zl 1/0-308 28 &4 €0 or'L €70 10-3¥'€ 69 12 SC €10 2€0 10-3€C '8 vy 113
papIpald  (Bjowu) — (Bjowu) (%) (A/ow) pajIpald (B7jowu) — (Brow) (%) (F/1owiu) pajpIpald (Bpjowu) — (Bpowu) (%) (/1owi)
/PANIBSA0  pajoIpald PEAISSO &NOD Hd 18yem ul /PaAIBSqQO JPePIpPBId  paAISSIO +NNOD Hd Jajem ul /PaAIBSqO JPRRIPBId  POAIBSAO +NNOD Hd  Jsjemul
N painsesy N painses|y N painses|y
(siuawalinseaw p|ald) edalze 'H p|al} pue Jarem axeT (yuswladxa au09) ©I91ZE'H PalnlnNd pue Iarem Bulk|Iano als (Juswiladxa au09) BI91ZE 'H pPainind pue Jayem Bulk|IaAo INVS
|oPON UOIeINIeS UOle|NWNIJEOIg-Iale M

BJEP UOIBJJUSIUOD ) Pa}O3J|00 plaly Buisn sjopow uoreinies Buiuoniped Juswipas-Isjem PUB UOREINWINIOBOIG-I8)eM aU} Joy suonolpald [SPON Z1 ¥ SIqe L

147



SjuaWwIadxa JUSWIPSS 399M-IN0J U0 Pase] 800Z ‘[ 19 SSAJY WOoJ) 83INn0s eled,

spuswiadxe JUBWIPSS JO AJUO-J8}eM 388M-Ino} Uo peseq £00Z “[e e uuewbiog woy 82.n0s ejeq,

sjuswiiadxa A|uo-1ajem ¥oam-Inoy Uo paseq L00Z [e 19 POOMION WOJ) 9In0S ejeq,

500Z “'le 1@ uuewblog ‘Jaybly Jo E0DeD /6w OZ| PUNoJe Jo sSsaupley B UM [\YS O} JejiWIS J8)eMm piey e ssjedipul piey
G00Z ‘e 10 uuewbiog ‘€0oeD /6w 0ZL Uey) 8Jow jou Ing ‘ /6w g1 punole ssaupiey Jojem B YIm ‘I8}em }J0S So}edipul JOs

0,0 40081 08zl NVS-3MO 800 40052 061 NVS-OON  PJey-uz
900 »LE 1'e 3lLs-113 200 »G6 €C 3Ls-a¥o  yosn

800 -€€ Le 3Lis-mosd 100 0012 orl 3Lis-mog  pley-n
S000 409€ 8l WVS-3M0 ¥00'0 qtS 120 NVS-3¥O  pley-L

(s8'0) 200 8 (69) €L (3LIS-IMO) WYS-NNA 100 49 z’l NVS-3MO  piey-qd
120 4082 65 31IS-Mmo€g 800 4007 0 NVS-3¥O  Piey-IN

100 0007 029 NVS-O0IN ¥00'0 000051 0zs NVS-DON  PJey-un

8.0 40022 00L} INVS-WNL zLo Oy s WvS-NNna  pJey-nD

0L'0 051 Sl NVS-O0IN 100 02 ge NVS-INI  pJey-io

€€0 <06 0€ INVS-WNL €00 ¢89 €e NVS-410  pley-0D

89°0 0¥9 0y 311S-NNa 610 aC9 z'l 3LIS-NNA@  Yos-pD

Lo 400€ ve WvsS-NNa v1°0 o€ 90 WvS-NNQ  pley-po

zL0 €8 0l 311S-N39 2000 L00EY 6'9 WVS-NNd  piey-sy
IRCYETETEEET (Gz0og1)10wey3  ainsesiy NS RENETRIEEET (6207) 10943 aunsespy oS BE

©23)Ze "H Ul Uolle|NWNIJ. [e1dW palnseaw Wnwixepy Jarem BulA|I9A0 Ul UOITRIIUBIUOD [RIBW palnNsSeaW WNWIXen

BO3)ZE'H Ul Sejewnse (Mp B/jowu) GzDg 1088 pue Isjem ay) Ul Sejewnss (1/|0Wwu) GZJT 1084 a|gejleA. pue ‘s)sa) AJI0IX0) JUBWIPas %8aM-Inoy Ja)je
(mp B/jowu) eoa)ze ‘H pue (7/jo0wu) Jayem BulAlI8A0 8y} Ul S[E}SW JUusIaIp JO) SUOIIBJJUSIUOD [B}8W PaINSEaW UBsW WNWIXeW sy} Joj sonel 108)13/ainses €1 8|qel

148



Table 4.14 Mesure/effect ratios for the maxmium mean measured metal concentrations for
different metals in different overlying waters (nmol/L) after four-week sediment toxicity tests,
and available one-week effect LC50 (nmol/L) estimates for water

Maximum Mean measured metal concentration in the overlying water

Metal Site Measure Effect® Measure/Effect
Al-soft BEN-SITE 800 3300 0.24
Cd-hard DUN-SAM 0.46 14 0.03
Cd-soft DUN-SITE 1.2 1.3 0.92
Cr-soft INT-SAM 2 60 0.03
Cu-hard DUN-SAM 52 1400 0.04
Cu-soft TNM-SITE 63 570 0.1
Mn-hard MCC-SAM 520 3100 0.17
Mn-soft QKE-SITE 670 1700 0.39
Ni-soft QKE-SITE 96 1300 0.07
Pb-hard QKE-SAM 1.2 53 0.02
Pb-soft CTR-SITE 1.1 4.8 0.23
U-soft QKE-SITE 2.3 88 0.03
Zn-hard MCC-SAM 190 3400 0.06
Zn-soft DUN-SITE 300 860 0.35

soft indicates soft water, with a water hardness around 18 mg/L , but not more than 120 mg/L CaCO3, Borgmann et al., 2005.
hard indicates a hard water similar to SAM with a hardness of around 120 mg/L CaCOs or higher, Borgmann et al., 2005.

@Data source from Borgmann et al., 2005; one-week LC50 in water-only experiments
For the following metals the measured/effect ratio for one-week LC50 was
<0.01: Ag, As, B, Be, Co, Cr-hard, La,Li, Ni-hard, Sb, Se, Tl, U-hard, and V.

149



/S e

., ONTARIO
/ i |

oF
o 1
& .
'N-: & [y
- .
"/ James Bay
-
.‘f
v

s,
-

CANADA

r"".
8l
2

T ol

MANITOBA

~I h

\

' !
Sy s "%"

USA N prf:’b* e

e~ Elliot Lake
\F" = »

oy L
NIy ) - ‘é‘

T ¥

- L ~ -Bancroft s~
@ Mational capital A

Michigan,
L . T

o Provincial capital Biiror -\x Taronto -""l..ﬁﬂi.;‘o
— . Intarnational boundary

UNITED STATES
venr Provincial boundary

USa
OF AMERICA

3
i i 1 lem
Fig. 4.1 Location of sampling sites (Natural Resources Canada, 2002)

150




Elliot Lake Area

e ——
¢ 1 2 3 dkn

%> Mining area — Road X Reference Lake

«—— Flow Direction

Fig. 4.2 Map of Elliot Lake and sampling site locations (Minnow Environmental Inc., 2005; Natural
Resources Canada, 2009)

151



Bancroft Area

— Road * Reference Lake Mining area
“— Flow direction

Fig. 4.3 Map of Bancroft and sampling site locations (OMOE, 2003; Natural Resources Canada, 2009)

152



1 O 0 7] aef ace ace ace &= 5 of aef aef
90 - acg
8 0 | abe
7 O | abe b

aceg

=)
T
@

=3
<]
o
—
)
o

50 b m Site + TetraMin

60 - | of @ SAM + TetraMin

—
=3
&
@

40 - @ Site + Periphyton

Survival (%)

30 - |
20 -
10 -

NN
NN

—
NN
DY
NN
NN

TNM DUN MC

(@)

EL

_‘

QKE CTR SID BEN BO!

=

IN

—
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letter are not significantly different from the other treatment values (P<0.05). Comparsions between the
treatments and lakes were maded by an nested ANOVA followed by Tukey's multiple pairwaise

comparison test for differences among treatments and lakes (P<0.05).
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APPENDIX

Table 4.A1 Survival data (95% Confidence Interval) and pH values for Fig. 4.4

SAM + Site + Site +
Lake TetraMin pH TetraMin pH Periphyton pH
TNM 92 (9.8) 8.0 40 (40) 7.0
DUN 90 (13) 8.0 27 (40) 6.7
MCC 92 (8.2) 7.9 55 (44) 6.9 60 (19) 7.0
ELT 92(6.3) 8.1 37 (32) 6.9 40 7.3
QKE 93 (13) 8.1 7 (13) 6.2 23 (46) 6.7
CTR 98(3.3) 7.9 8 (16) 6.1
SID 97 (3.8) 8.0 50 (17) 8.0
BEN 93 (5.3) 8.0 82 (8) 8.0 13 (26) 8.2
BOW 95 (3.3) 8.0 72 (11) 8.1 27 (52) 8.2
INT 90 (8.4) 7.9 40 (46) 7.7 53 (26) 7.8
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CHAPTER 5
Summary and Conclusions

It was shown that overlying water chemistry affects Uranium (U) bioavailability, bioaccumulation
and toxicity to H. azteca exposed to U-spiked sediments for 28 days (Chapter 2). Water pH, rather than
calcium, predominantly affects the dissolution of U from the sediment and U bioavailability and uptake
by H. azteca. It was determined that Ca affects U accumulation through its effect on speciation rather
than through direct competition with U for uptake. The desorption of U from the sediment into the
overlying water increased with pH from 7 to 8. The increased dissolution of U from the sediment into
the overlying water at higher pH was probably due to the complexation of the uranyl ion with Ca-CO;
in the overlying water. Approximately 68% of U was estimated to be in the form of Ca,UO,(COs); and
62% in the form of CaUO,(COs);> complexes in overlying waters containing high and low Ca
concentrations, respectively, at higher pH. Despite the higher U concentrations in overlying water at
higher pH, toxicity was higher in animals exposed to U-spiked sediment concentrations at lower pH.
This was because at low pH (~7) there was the presence of proportionately more UO,*" ions, which are
considered to be responsible for U toxicity, compared to the overlying waters with a high pH (~8). On
average, approximately 0.16 and 8.2% of U was estimated to be in the form, UO,*" and UO,OH",
respectively, at low pH compared to 8.8E-06 % as UO,>" and 4.1E-3 % as UO,OH" at higher pH in the
overlying waters.

Experiments with caged animals suggest that U bioaccumulation and toxicity is mainly via water
rather than the sediment phase (Chapter 2). Uranium bioaccumulation was found to be a more reliable
indicator of U toxicity than U concentrations in water or sediment, with the growth and survival
parameters being equally sensitive indicators of U toxicity for H. azteca exposed to U-spiked
sediments.

Given that U bioaccumulation was mainly via the water phase, a water-bioaccumulation model
was satisfactory to explain U bioaccumulation. It was estimated that the half-saturation constant for U
accumulation varied strongly with pH (H' to the fourth power). The water-sediment interaction was
also satisfactorily explained using a saturation model, with U in the sediment also being a function of
the H' to the power of 4 (Chapter 2).

The effect of body size on U bioaccumulation was determined to be significant, with a slope of
-0.35 between log body concentration and log body mass for H. azteca exposed to water-only U
concentrations in soft water for seven days (Chapter 3). The effect of gut-clearance on whole-body

concentrations in H. azteca was also substantial, with an approximate 72-79% loss of total U-body
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concentrations in 24h. This loss in total U concentrations by H. azteca may be due either to the
elimination of the gut contents or a fast excretion compartment. However, the data were not sufficient
to model this fast compartment. Overall, this demonstrates that body size needs to be standardized and
gut-contents accounted for in H. azteca so that the total variability in U bioaccumulation is reduced and
toxicity estimates are accurate.

A saturation kinetic model was used to predict the uptake rate, elimination rate and the effect of
gut-clearance on whole U body concentration in H. azteca exposed to acute (7 days) and chronic (28
days) waterborne U concentrations in soft water (Chapter 3). The uptake of U by H. azteca was fast,
with 89.0% and 99.98% of the steady-state being reached by day seven and day 28, respectively, in
uptake time series studies. Given that steady state was approached in most experiments, this indicates
that U concentrations in H. azteca will reflect current U levels in the environment and that H. azfeca are
likely to be good monitors of U contamination in the field. However, it should be noted that the chronic
uptake of U by H. azteca did not completely level off by day 28. This suggests that there may be
another slower compartment for U in H. azteca. Unfortunately, the data from this study were not
sufficient to model this slower compartment.

Although a U water-bioaccumulation saturation model was successfully applied in the laboratory
to predict U bioavailability, toxicity and bioaccumulation, this model could not be properly validated
under natural conditions near former U mining districts because U concentrations in H. azteca and
water were at or close to background concentrations (Chapter 4). When the U water-bioaccumulation
saturation model was applied using U concentrations in the water and H. azteca above background from
published studies, the predicted concentrations of U in the H. azteca were within a factor of five when
compared to the observed U concentrations in the H. azteca. This suggests that the water-
bioaccumulation saturation model may be a useful tool for regulators as part of a first-tier risk
assessment (Chapter 4).

The water-sediment partitioning saturation model using waterborne U concentrations above
background concentrations under-predicted U concentrations in the sediment when compared to the
observed field concentrations, except for the tests using the lake overlying water, where U
concentrations in the sediment were mostly over-predicted when compared to the field observations.
When the U water-sediment partitioning saturation model was applied using U concentrations in the
surface water above background from published studies, the predicted concentrations of U in the
sediment were within a factor of four when compared to the observed U concentrations in the sediment
(Chapter 4). Overall this demonstrates that the water-sediment partitioning saturation model can be
used in a first-tier risk assessment to predicted U toxicity and quantify U concentrations using natural

contaminated sediments and surface waters concentrations above background levels (Chapter 4).
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Toxicity in terms of mortality did occur at some sites in U mining areas, but this toxicity was
not due to U concentrations in the environment (Chapter 4). Based on a preliminary assessment of 26
other metals in the aquatic environment, toxicity to the H. azteca at some sites appeared to be due to Cd
concentrations in the water and the bioaccumulation of the metals Cd, Cr, Co or Ni by H. azteca or due
to low pH. At other sites it could not be inferred if toxicity was the result of metal concentrations in the

sediment, water or bioaccumulation by the H. azteca.

This thesis demonstrates the influence of overlying water chemistry on U bioavailability,
bioaccumulation and toxicity to H. azteca and how H. azteca can be an indicator of U toxicity in the
environment. It also shows how the water-bioaccumulation saturation model and the -sediment
partitioning saturation model can be used as an efficient first-tier assessment tool for regulators to
quantify U concentrations and toxicity in the field for H. azteca and predict toxicity using natural
contaminated sediments. The data set used in this study and from other published sources may not have
been adequate to sufficiently validate the above saturation models. A larger sample size may be
required to further test these two saturation models, especially the water-sediment partitioning model,
for quantifying U in the field. Further development of the water-sediment partitioning saturation model
may need to include other water chemistry parameters such as dissolved organic carbon in instances
were U concentrations in the pore-water are needed to predict U concentrations in the sediment.
Presently, Canada has a national drinking water and soil quality guidelines for the protection of human
health and terrestrial organisms (i.e., www. ccme.ca). It is hoped that the findings of this thesis will be
incorporated into future water and sediment quality guidelines and regulations, given the limited data
on U toxicity to native North American invertebrates species and the fact that there are currently no
national water or sediment quality guidelines in the protection of freshwater aquatic life in the

environment in Canada, which is home to some of the world’s biggest U producing mines and deposits.
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